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ABSTRACT
A kinetic and mechanistic approach was used to study the oxidation of As(III) and
reduction of Cr(VI) simultaneously in aqueous phase, and in the presence of Fe(III) ions
as well as dissolved organic matter (DOM) obtained from saw dust (SD), maize cob
(MC), groundnut husk (GH) and rice husk (RH). Rate of reduction of Cr(VI) and
oxidation of As(III) in aqueous phase by DOM was also carried out. Reactions were
monitored by UV-visible spectrophotometry. The stoichiometry of the reaction was 1 :
3 (Cr2O7
2− to AsO2
−). Reaction products were identified as Cr(III) and As(III). DOM was
confirmed by its UV absorption, having λmax of 250 nm, 260 nm, 256 nm and 260 nm
for SD, MC, GH and RH respectively, and infrared spectral, having the major
absorption bands as 2500 – 3500 cm−1 and 650 - 770 cm−1 (O-H stretching and out of
plane bending groups), 2500 – 3500 cm−1, 1350 – 1470 cm−1 and 690 – 900 cm−1 (C–H
stretching, deformation, and bending and ring puckering respectively), 1650–1800 cm−1
(C=O stretching of COOH), 1620 – 1680 cm−1 (alkene/aromatic C=C stretching), 970–
1250 cm−1 (C–O stretching of alcohols/phenols) 880–995 cm−1 and 1395 – 1440 cm−1
(=C–H out of plane bending/C-O-H bending) respectively. Pseudo-first order plots for
the oxidation of As(III) and reduction of Cr(VI) in aqueous phase were linear,
indicating that the reactions were first order with respect to Cr2O7
2− and AsO2
− . Hence,
the overall reaction was second order. The rate equation for the reaction has been
proposed as
–d[Cr2O7
2−]/dt = k2[Cr2O7
2−][AsO2
−]
where k2 is the second order rate constant. Rate of redox reaction of As(III) with Cr(VI)
was not affected by Fe3+ions within the concentrations range investigated and increased
with increase in the volumes of DOM. However, the increment was highest with SD
and fairly the same with the other agro wastes. The rate depended on pH with rate
decreasing with increase in pH of the acidic range and increasing with increase in pH of
the alkaline range, it increased with increase in ionic charge of the solution in the
absence of DOM, and independent of the ionic strength when DOM was added.
Reaction rate also increased with increase in temperature but having rate at 273 K
seemingly lower than at 293 K for AsO2
− /Cr2O7
2− /DOM, almost the same with that at
305 – 308 K for Cr2O7
2− /DOM and AsO2
− /DOM. The activation parameters; activation
energy, Ea, enthalpy change, ∆H, and entropy change, ∆S were determined as; Ea of
83.31 kJmol-1 each for Cr2O7
2− /GH, Cr2O7
2− /RH and AsO2
− /SD couples were highest,
while 44.38 kJmol-1 for AsO2
− /Cr2O7
2− /GH was lowest. ∆H were more negative (-80.85
xxiii
kJmol-1) for Cr2O7
2−/GH, Cr2O7
2−/RH and AsO2
−/SD redox couples while AsO2
−/Cr2O7
2−/
GH was lowest (-42.14 kJ mol-1). ∆S were most negative (-135.30 Jmol-1K-1) for
AsO2
−/Cr2O7
2−/GH and less negative (-32.59 J mol-1K-1) for the Cr2O7
2−/GH, Cr2O7
2−/RH
and AsO2
− /SD redox couples. From the reactions AsO2
−/Cr2O7
2− , a plausible mechanism
involving an ester formation by the reactants leading to the eventual formation of As(V)
and Cr(III) has been proposed.
1CHAPTER ONE
INTRODUCTION
1.1 Background to the Study
A large number of industries produce waste streams that get into the environment and
may contain potentially toxic metals at concentrations above the acceptable limits (since
there is increase in human needs and changes in civilisation) [1]. Environmental
contamination can also occur through metal corrosion, atmospheric deposition, soil
erosion of metal ions and leaching of heavy metals, sediment re-suspension and metal
evaporation from water resources to soil and ground water. Natural phenomena such as
weathering and volcanic eruptions have also been reported to significantly contribute to
heavy metal pollution [2]. Industrial sources include metal processing in refineries
(mining operations), coal burning in power plants, petroleum combustion, electronic
device manufacturing units, nuclear power stations and high tension lines, metal-plating
facilities, plastics, textiles, tanneries, microelectronics, wood preservation and paper
processing plants [3]. The waste streams from the plants contain toxic heavy metals and
are not easily removed without specialised or advanced treatment [1].
Heavy metal contamination of the environment may originate from parent materials in
the environment or anthropogenic activities, including fertilizer application, application
of pesticides, automobile emission, industrial and municipal waste etc. Risks from
heavy metal contamination of the environment may be incident to human and the
ecosystem through direct ingestion or contact with contaminated soil, the food chain
(soil-plant-human or soil-plant-animal-human), drinking contaminated water, reduction
in food quality (safety and marketability) via phytotoxicity, reduction in land usability
for agricultural production causing food insecurity and land tenure problems [4].
Recently, there has been an increasing ecological and global public health concern
associated with environmental contamination by these metals. Also, human exposure
2has risen dramatically as a result of an exponential increase of their use in several
industrial, agricultural, domestic and technological applications [5].
It has been reported that metals such as cobalt (Co), copper (Cu), chromium (Cr), iron
(Fe), magnesium (Mg), manganese (Mn), molybdenum (Mo), nickel (Ni), selenium (Se)
and zinc (Zn) are essential nutrients that are required for various biochemical and
physiological functions [6]. They are important constituents of several key enzymes and
play important roles in various oxidation-reduction reactions. Similarly, several other
essential elements are required for biological functioning; however, an excess amount
of such metals produce cellular and tissue damage leading to a variety of adverse effects
and human diseases. For some including Cr, Fe and Cu, there is a very narrow range of
concentrations between beneficial and toxic effects [7]. Other metals such as aluminium
(Al), antinomy (Sb), arsenic (As), barium (Ba), beryllium (Be), bismuth (Bi), cadmium
(Cd), gallium (Ga), germanium (Ge), gold (Au), indium (In), lead (Pb), lithium (Li),
mercury (Hg), nickel (Ni), platinum (Pt), silver (Ag), strontium (Sr), tellurium (Te),
thallium (Tl), tin (Sn), titanium (Ti), vanadium (V) and uranium (U) have no established
biological functions and are considered as non-essential metals [8].
Among the priority metals that are of great public health significance are As and Cr
which are toxic to humans and animals. Cr is released into the environment by various
industrial processes including electro-plating, chromate manufacturing, leather tanning
and wood preservation. In the environment, Cr exists primarily as Cr(VI) and Cr(III),
with Cr(VI) being of significant concern due to its carcinogenicity [9]. As is ubiquitous
in the earth’s crust, and elevated As in the environment is primarily attributed to
anthropogenic sources, including industrial waste products, agricultural pesticides and
wood preservatives. The predominant inorganic forms of As in the environment are
As(V) and As(III). As(V) is mainly present in the environment as H2AsO4
− and HAsO4
2−
3as most soluble forms and most likely partially as H3AsO4 or AsO4
3− , while As(III)
dominates in sediments as H3AsO3 at pH < 9.2 [10]. As(III) is more toxic and mobile
than As(V) in the environment. In Schimatari's water supply for instance, As
concentrations up to 34 μg L−1 along with Cr(VI) levels up to 40 μg L−1 were detected.
In the Asopos River, total chromium values were up to 13 μg L−1, hexavalent chromium
was less than 5 μg L−1 and other toxic elements were reported to be relatively low [11].
Therefore, Cr(VI) reduction and As(III) oxidation are desirable to reduce their adverse
impact on the environment [12].
Arsenic is a toxic element for animals and the majority of plants in spite of there being
some evidence that it is also an essential element. The toxicity of different As species
vary in the order arsenite > arsenate > monomethylarsonate > dimethylarsinate. As(III)
is about 60 times more toxic than As(V), and inorganic As compounds are about 100
times more toxic than organic As compounds [13]. The organic forms of As are
quantitatively insignificant and are found mostly in surface waters or in areas severely
affected by industrial pollution [14]. The major environmental concern about As is not
related to its presence in soils and sediments in anomalous amounts, but to its
anomalous concentration in surface waters and its availability to living beings. United
States Environmental Protection Agency, USEPA reported that approximately 3廈॑2̴  
1 ॑ kg of As and As containing compounds such as mine tailings, herbicides, and wood
preservatives were distributed into the environment in 1997. In addition, 90 % of all As
consumed in the United States came from one chemical wood preservative, chromated
copper arsenate (CCA). This preservative was used to protect wood from decaying due to
insects and microbial agents as reported by USEPA, [15].
High As concentrations can inhibit nitrification, and there are data that indicate growth
inhibition of microorganisms in arsenate-rich soils. Arsenic may be responsible for the
4development of liver, bladder, skin, and kidney cancer, and long-term intake of small
doses of inorganic As compounds is a factor in many other diseases [16 and 17]. The
World Health Organisation (WHO), the European Union, the United States
Environmental protection Agency (USEPA), and governments of many other countries
have established 0.050 mg L−1 arsenic as the maximum contaminant level for total As
in potable water. However, there is evidence of adverse health effects at lower exposure
levels, and WHO promoted 0.010 mg L−1 As as the new guideline value for As in
potable water [15 and 16]. Water is essential for living beings and is the dominant As
exposure pathway. Humans are the main concern of the As environmental problem and
As-contaminated waters are used by populations of some parts of the world, with large-
scale disasters occurring in particular regions of Asia, Africa, and Central and South
America involving some millions of inhabitants [15 - 17].
Chromium and its compounds are toxic substances introduced into natural water from a
variety of industrial wastes. The major sources are from leather tanning, textile dyeing,
electroplating, municipal refuse incineration, ferrochromium production, chrome ore
refining, sewage sludge incineration, petroleum refining cooling towers, metal finishing
industries (Table 2.2), which cause severe environmental and public health problems.
Although Cr is an essential element for humans, the hexavalent form of chromium is
considered to be a group "A" human carcinogen because of its mutagenic and
carcinogenic properties [18]. As such, the widespread presence of Cr in the environment
poses a serious threat to human and animal welfare. It leads to liver damage, pulmonary
congestion, and causes skin irritation, resulting in ulcer formation [19]. Its concentration
in industrial waste water ranges from 0.5 - 270,000 mg L−1 . The tolerance limit for the
discharge of Cr(VI) into inland surface water is 0.1 mg L−1 and in potable water is 0.05
mg L−1 [18].
5On a worldwide basis, the major chromium source in aquatic ecosystems is domestic
waste water effluents (32.2 % of the total) [20]. The other major sources are metal
manufacturing (25.6 %), ocean dumping of sewage (13.2 %), chemical manufacturing
(9.3 %), smelting and refining of nonferrous metals (8.1 %), and atmospheric fallout
(6.4 %) [21]. Annual anthropogenic input of chromium into water has been estimated to
exceed anthropogenic input into the atmosphere [21].
The toxicity of Cr, however, is a function of its oxidation state. Cr(VI), which typically
exists as the oxyanion chromate (CrO4
2−), has a high solubility in soils and groundwater
and, as a consequence, tends to be mobile in the environment. In contrast, the reduced
form of Cr, Cr(III), has a limited hydroxide solubility and forms strong complexes with
soil and water minerals [22]. While Cr(III) is relatively innocuous and immobile, Cr(VI)
is actively transported into cells by the sulphate transport system where it is capable of
causing damage to DNA as well as indirectly generating oxygen radicals.
1.2 Statement of the problem
As(III) and Cr(VI) are the most toxic forms of the various oxidation states of As and Cr
respectively, and oxidation of As(III) to As(V) and reduction of Cr(VI) to Cr(III) have
great environmental implications as they affect toxicity and mobility of these toxic
species. Chemical developments and usage in the new millennium are now routinely
utilizing the concept of “green chemistry” to meet the challenges of protecting the
environment and human health while maintaining commercial viability. Hence the
choice of a particular analytical technique for toxic metal (particularly As and Cr)
remediation should rather be one that is eco-friendly in the utilisation of agents for such
a process. Several techniques effectively lower As and Cr concentrations in aqueous
solutions; coagulation/precipitation, reverse osmosis, ion exchange, and adsorption to
mention a few. Coagulation and softening with metal ions such as aluminium and ferric
6salts require use of large-scale facilities for implementing water treatment. Reverse
osmosis requires the use of membranes, which are expensive to maintain and replace,
and ion exchange uses costly resins. Again, coagulation, reverse osmosis, and ion
exchange require the treatment of reject stream for the ultimate disposal of As and Cr
contaminants [23]. Unlike adsorption technique that is aimed at removing toxic metals
from the aqueous solutions, oxidation-reduction technologies leave them in the medium
but minimize their toxicity and mobility. Oxidation-reduction of As and Cr, converts
As(III) and Cr(VI) to the less toxic or more useful As(V) and Cr(III) respectively,
leaving them in the medium for use and each of these has its inherent advantages and
disadvantages. Also, the co-existence of As(III) and Cr(VI) ions in wastewater may be
common, in conventional methods it is often indispensable to be treated separately, that
means complicated process with the requirement of higher cost and more man power
[24]. Hence, simultaneous decontamination of As(III) and Cr(VI) ions would present a
very interesting and important aspect. At the same time, various agricultural and
industrial wastes are found to litter the environment especially within the areas in which
such wastes are produced. Ground nut husks for instance, has been found to be non-
decomposable (at least within a year or two) if disposed as such. Other such wastes
include, rice husks, saw dusts and maize cob which are produced at one point or the
other and have been found to be of little or no use. The effect of organic matter obtained
from these waste on the oxidation of arsenic(III) and reduction of chromium(VI) may
turn out to be a greener approach to the remediation of these heavy metals.
1.3 Aim of the study
The aim of this research was to monitor the simultaneous oxidation of As(III) and
reduction of Cr(VI) in aqueous phase at varying conditions.
71.4 Objectives of the Study
The main objectives of this research were, to;
i. Determine the rate of oxidation-reduction reactions of arsenite, As(III) and
chromate, Cr(VI) in aqueous phase at varying concentration of these ions, pH,
temperature, ionic strength and presence of other redox couples.
ii. Determine the order and rate constants of these reactions.
iii. Determine the activation parameters with respect to the ions of these oxidation-
reduction reactions and establish a possible mechanism.
iv. Establish a quantitative correlation (if any) of the arsenite-chromate reactions
monitored.
1.5 Significance of the study
The occurrence of elevated levels of As(III) and Cr(VI) in the environment can
compromise the quality of life. “Greener” strategies are required for remediation of As
and Cr polluted areas in order to reduce the associated human and ecosystem risks. The
chemical speciation, bioavailability, toxicity, and mobility of these elements in the
environment are directly affected by oxidation and reduction factors. According to
thermodynamic calculation, As(III) and Cr(VI) can serve as a redox couple [24]. Most
technologies for As and Cr removal from contaminated sites are based on the oxidation
of the As(III) to the less toxic and mobile As(V) and reduction of Cr(VI) to the less
toxic Cr(III). This work will provide a better understanding of the redox cycling of As
and Cr species, and in the presence of organic matter (obtained from the agricultural and
industrial wastes: rice husk, saw dust, maize cob and ground nut husk) which could
result in the development of an eco-friendly and efficient As and Cr remediation
technology. The study can also give a basis for understanding the oxidation-reduction
chemistry of As and Cr.
81.6 Scope of the research
This research was concerned with the oxidation-reduction reactions of arsenite, As(III)
and chromate, Cr(VI) in aqueous phase at varying conditions of temperature, pH,
concentration, ionic strength and presence of other redox couples.
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LITERATURE REVIEW
2.1 Heavy metals in the environment
The term “heavy metals” refers to any metallic element that has a relatively high density
(≥ 4 g cm−3) and is toxic or poisonous even at low concentration [25]. “Heavy metals”
is a general collective term, which applies to the group of metals and metalloids with
specific density greater than 4 g cm−3 , or 5 times or more, greater than water [26 and
27]. They include lead (Pb), cadmium (Cd), zinc (Zn), mercury (Hg), arsenic (As),
silver (Ag), chromium (Cr), copper (Cu), iron (Fe), platinum (Pt), nickel (Ni) and
palladium (Pd). Heavy metals are considered as trace elements because of their presence
in trace concentrations (ppb range to less than 10 ppm) in various environmental
matrices [28]. Their bioavailability is influenced by physical factors such as temperature,
phase association, adsorption and sequestration. It is also affected by chemical factors
that influence speciation at thermodynamic equilibrium, complexation kinetics, lipid
solubility and partition coefficients. Biological factors such as species characteristics,
trophic interactions, and biochemical/physiological adaptation, also play an important
role [29].
2.2 Redox processes in nature
Life and element cycling on earth is directly related to electron transfer (or redox)
reactions [30]. Redox cycling of naturally occurring trace elements and their host
minerals often control the release or sequestration of inorganic contaminants into the
environment. Redox processes control chemical speciation, bioavailability, toxicity, and
mobility of many major and trace elements including Fe, Mn, C, P, N, S, Cr, Cu, Co, As,
Sb, Se, Hg, Tc, and U. Redox-active humic substances and mineral surfaces can
catalyze the redox transformation and degradation of organic contaminants [30].
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All life on earth derives energy from redox processes [31]. Biomass production further
requires the transfer of electrons to bring carbon, macronutrients (e.g., N and S), and
micronutrients (e.g., Fe, Mn) into the proper oxidation states for incorporation in
biomolecules. Over earth’s history, biological redox activity has caused the appearance
of a highly oxidising surface environment overlying a sedimentary cover rich in highly
reduced biogenic products, such as organic matter, sulphide minerals, and methane.
Along this global redox gradient, the numerous potential combinations of electron
donors, electron acceptors, and carbon sources have given rise to a tremendous
ecological and metabolic diversity of microorganisms and related processes, which are
still in the process of discovering as reported by DeLong and Pace, [31]. Redox
gradients in time and space can be found, for example, in poorly drained or
groundwater-fed soils, riparian zones, coastal marshes, shallow aquifers, contaminant
plumes, lakes, and estuaries. The sequence of redox reactions that occur along redox
gradients in time or space depend on chemical composition, microbial activity, and the
reduction potentials of relevant redox couples [30].
2.3 Arsenic (As)
Arsenic (atomic number 33) appears in Group 15, period 4 of the periodic table, below
nitrogen and phosphorus, between germanium and selenium. It has electronic
configuration [Ar]3d104s24p3. Though, chemically classified as a metalloid, it is
frequently referred to as a metal [32]. Elemental As, normally, occurs as the α-
crystalline metallic form, which is a steel gray and brittle solid. The β-form is a dark
gray amorphous solid. Other allotropic forms of As include yellow and black [33]. As
occurs in nature as a monoisotopic element, composed of one stable isotope, 75As [34].
At least 33 radioisotopes have also been synthesised, ranging in atomic mass from 60 to
92. The most stable of these is 73As with a half-life of 80.30 days. The word arsenic has
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its origin from the Persian word zarnikh, meaning "yellow" (literally "gold-colored")
and hence "(yellow) orpiment". It was adopted into Greek as arsenikon, Latin as
arsenicum, which in French became arsenic, from which the English word arsenic is
taken [35]. Owing to its use by the ruling class to murder one another and its potency,
As has been called the "poison of kings" and the "king of poisons" [36]. Albertus
Magnus (Albert the Great, 1193–1280) is believed to have been the first to isolate the
element from a compound in 1250, by heating soap together with As2S3 [37].
Arsenic comprises about 1.5 ppm (0.00015 %) of the earth's crust, and is the 53rd most
abundant element [36]. In the environment, As occurs in rocks, soil, plants, water, air,
and in biota. Higher concentrations are found in some igneous and sedimentary rocks,
particularly in Fe and Mn ores. In addition, a variety of common minerals contain As, of
which the most important are arsenopyrite (FeAsS), realgar (As4S4) and orpiment
( As2S3 ). It has various industrial applications, such as in bronzing and making
agricultural pesticides and insecticides, and as a doping agent in solid-state devices such
as transistors. It is also used as a laser material to transform electricity directly into
coherent light [38]. Arsenic exists in both organic and inorganic forms. In general,
organic As is found in marine animals and plants such as seaweed. Monomethyl arsenic
acid (MMAA), dimethyl arsenic acid (DMAA), and arseno-sugars are some examples
of organic arsenic compounds [39]. As rarely occurs in a free state and is found largely
in combination with sulphur, oxygen, and iron as inorganic forms. In groundwater, As
combines with oxygen to form inorganic pentavalent arsenate and trivalent arsenite.
Unlike other heavy metalloids and oxyanion-forming elements, As can be mobilised
under a wide range of oxidising and reducing conditions at the pH values typically
found in ground waters (pH 6.5 - 8.5). Whereas all other oxyanion-forming elements are
found within the μg L−1 range, As can be found within the mg L−1 range because of its
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relative mobility over a wide range of redox conditions making it among the most
problematic in the environment [14]. As has four main chemical forms having oxidation
states, _3, 0, +3, and +5, but in natural water its predominant forms are inorganic
oxyanions of trivalent arsenite, As(III) (Equation 2.1) or pentavalent arsenate, As(V)
(Equation 2.2) [14].
As2S3 + ॑H2O → 2H3AsO3 + 3H2S (2.1)
3As2S3 + 1 HNO3 + 4H2O → ॑H3AsO4 + ̴S + 1 NO (2.2)
The two-electron reduction of arsenate, As(V) to arsenite, As(III) is favoured in acidic
solution (E° = 0.56 V), whereas the reverse is true in basic solution (Eº = _0.67 V), that
is, ∆Go is negative in acid medium, (Equation 2.3) as reported by Chambers and
Halliday, [40].
∆Go = − nFEo (2.3)
2.3.1 Arsenic in the environment
Arsenic is a naturally occurring metalloid and is widely distributed throughout the
environment. It is present in biota, the atmosphere, oceans, lakes, groundwater,
sediments, and soils throughout the world. Elemental As is rare in the environment.
Arsine, (AsH3 ) is a flammable gas which has been detected emanating from anoxic
environments [41]. Crustal As is most commonly found in sulphide minerals including
arsenopyrite (FeAsS), orpiment ( As2S3 ), and realgar (As4S4). In aquatic systems,
inorganic arsenite AsO3
3− and arsenate AsO4
3− are the most prevalent forms, although
methylated As species are generated by aquatic biota in trace concentrations. The most
common oxidation state of As in its compounds found in the environment is either +3 or
+5, and much of the chemistry of those compounds result from the easy conversion
between those two states [42]
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2.3.2 Guidelines and regulation of arsenic
The World Health Organisation (WHO) develops guidelines for drinking water quality
(GDWQ) in order to protect public health from drinking water that is contaminated. The
1993 edition of WHO GDWQ established the As drinking water guideline of 10 μg L−1
(10 ppb). This guideline is significantly lower than the 50 μg L−1 provided in 1984 due
to the high lifetime skin cancer risk reported in Taiwan [43]. The United States
Environmental Protection Agency (US EPA) set the maximum contaminant level (MCL)
for As at 10 μg L−1 in January 2001. Countries where the national standard for As in
drinking water remains at 0.05 mg L−1 include Bangladesh, China and India. Table 2.1
shows the national standards for As in drinking water in some selected countries [44].
2.3.3 Health effects of arsenic
In general, organic metal compounds such as simple methylated species of Sn, Hg and
Pb tend to be more harmful than the respective inorganic species [44]. However,
inorganic As compounds are known to be 100 times more toxic than organic As
compounds [13]. As(III) is more toxic than As(V) due to the difference in their
metabolic pathways. As(III) quenches the tricarboxylic acid (TCA) cycle by binding to
thiols in pyruvate dehydrogenase. As(III) binding to thiol groups also impairs the
function of many proteins [45]. As(V) competes with phosphate, inhibiting the
production of adenosine triphosphate (ATP) which transports energy within cells [42].
These pathways are associated with noncancerous effects of As exposure.
Arsenic is also a known carcinogen recognised by the Environmental Protection Agency
(EPA). Due to widespread As contamination, epidemiological studies in many countries
showed that chronic ingestion of high concentrations of As(III) and/or As(V) causes
alot of diseases to humans and animals [45]. Noncancerous effects of prolonged As
14
Table 2.1: The national standards for arsenic in drinking water for some countries of the
world [43, 48]
Standard Countries (years)
< 0.01 mg L−1 Australia (1996)
0.01 mg L−1 European Union (1998), Japan (1993), Jordan
(1991), Laos (1999), Nigeria (2007), Mangolia
(1998), Namibia, Syria (1994)
0.05 > 0 > 0.01 mg L−1 Canada (1999)
< 0.05 mg L−1 United States (1986*), Mexico (1994)
0.05 mg L−1 Bahrain, Bangladesh, Bolivia (1997), China,
Egypt (1995), India, Philppines (1978),Saudi
Arabia, Sri Lanka (1983), Vietnam, Zimbabwe
(1989)
( ) shows the year standard was established
* new standard value 0.005 mg L−1 is being proposed
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exposure include skin lesions (or thickening and discoloration of the skin) and
peripheral vascular disease. The acute poisoning from As, typically causes vomiting,
oesophageal and abdominal pain, bloody “rice water” diarrhea, numbness in hands and
feet, partial paralysis, and blindness [45]. The half-life of As in the body is
approximately four days. The main loss pathway for As in the body is excretion through
urine [46]. Humans and other animals are known to methylate inorganic As, causing it
to be less toxic and more readily excreted.
2.3.4 Aqueous speciation of arsenic
Arsenic is present in many minerals, and in order to be available and reactive in aquatic
environments, it must be mobilised. As mobilisation has both natural and anthropogenic
causes. Natural sources (of As mobilisation) include weathering of As-bearing rocks,
biological activity, and volcanic eruption. Anthropogenic sources include mining of
metal ores (e.g., gold), combustion of fossil fuels, pesticide use, livestock feed additives,
wood preservatives, and pigment production [47]. Arsenic is perhaps unique among the
heavy metalloids and oxyanion-forming elements (e.g. As, Se, Sb, Mo, V, Cr, U, Re) in
its sensitivity to mobilisation at the pH (6.5 – 8.5) values typically found in ground
waters and under both oxidising and reducing conditions. As occurs in the environment
in several oxidation states (-3, 0, +3, and +5) but in natural waters it is mostly found in
inorganic form as oxyanions of trivalent arsenite, As(III) or pentavalent arsenate, As(V).
Organic As forms may be produced by biological activity, mostly in surface waters, but
are rarely quantitatively important. Organic forms may however occur where waters are
significantly impacted by industrial pollution as reported by Smedley and Kinniburg,
[14].
Most toxic trace metals occur in solution as cations Mn+ (e.g. Pb2+ , Cu2+ , Ni2+ , Cd2+ ,
Co2+ , Zn2+) which generally become increasingly insoluble as the pH increases. At the
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near-neutral pH typical of most ground waters, the solubility of most trace-metal cations
is severely limited by precipitation as, or coprecipitation with, an oxide, hydroxide,
carbonate or phosphate mineral, or more likely by their strong adsorption to hydrous
metal oxides, clay or organic matter. In contrast, most oxyanions including arsenate
tend to become less strongly sorbed as the pH increases [47]. Under some conditions at
least, these anions can persist in solution at relatively high concentrations (tens of μg
L-1) even at near-neutral pH values. Therefore the oxyanion-forming elements such as
Cr, As, U and Se are some of the most common trace contaminants in ground waters.
However, relative to the other oxyanion-forming elements, As is among the most
problematic in the environment because of its relative mobility over a wide range of
redox conditions. In sulphur-rich, reducing environments, many of the trace metals also
form insoluble sulphides. By contrast, As is perhaps unique in being relatively mobile
under reducing conditions. According to Smedley and Kinniburg, [14], it is found at
concentrations in the mg L−1 range when all other oxyanion-forming metals are present
in the μg L−1 range.
Redox potential (E) and pH are the most important factors controlling arsenic speciation.
Under oxidising conditions, H2AsO4
− is dominant at low pH (< 6.9), whilst at higher pH,
HAsO4
2− becomes dominant (H3AsO4 and AsO4
3− may be present in extremely acidic
and alkaline conditions respectively). Under reducing conditions at pH < 9.2, the
uncharged arsenite species H3AsO3 predominates (Figure 2.1). In the presence of
extremely high concentrations of reduced sulphur, dissolved arsenic-sulphide species
can be significant. Reducing, acidic conditions favour precipitation of orpiment (As2S3),
realgar (As4S4 ) or other sulphide minerals containing coprecipitated arsenic. Therefore
high arsenic waters are not expected where there is a high concentration of free sulphide
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[45]. Thioarsenite species will be more important at neutral and alkaline pH in the
presence of very high sulphide concentrations.
2.3.5 Arsenic redox behavior and kinetics
The redox chemistry of arsenic has been the subject of multiple studies as reported by
Smedley and Kinniburg. As redox behavior is of particular importance due to the
increased toxicity and mobility of As(III) compared to As(V). As(V) is the dominant
form of As in oxidising environments, whereas As(III) dominates in reducing systems,
(Figure 2.1) [14 and 49]. Equations 2.4 – 2.10 showed redox equations and potentials
for relevant arsenic species.
H3AsO4 + 2H
+ + 2e− → H3AsO3 + H2O E = +  廈॑  V, pH =
 廈  (2廈4)
H2AsO4
− + 3H+ + 2e− → H3AsO3 + H2O E = +  廈45 V, pH = 2廈3 (2廈5)
HAsO4
2− + 4H+ + 2e− → H3AsO3 + H2O E = +  廈 8 V, pH = ॑廈8 (2廈॑)
HAsO4
2− + 4H+ + 2e− → H2AsO3
− + H2O E = −  廈22 V, pH = ̴廈2 (2廈7)
AsO4
3− + 4H+ + 2e− → H2AsO3
− + H2O E = −  廈42 V, pH = 11廈॑ (2廈8)
AsO4
3− + 3H+ + 2e− → HAsO3
2− + H2O E = −  廈51 V, pH = 12廈7 (2廈̴)
AsO4
3− + 2H+ + 2e− → AsO3
3− + H2O E = −  廈॑  V, pH = 13廈7 (2廈1 )
According to Singh, et al, Donmez and Aksu, oxidation of As(III) by goethite has not
been observed at neutral pH [8, 9]. Neither has oxidation of As(III) by lepidocrocite [50
and 51]. However, oxidation of As(III) by oxygen was found to occur at Fe(II)-activated
ferrihydrite and magnetite surfaces [50]. Anoxic oxidation of As(III) by Fe(II)-activated
goethite has also been observed as reported by Amstaetter, et al, [52].
Ramos et al, [53] reported that nanoscale zero valent iron (NZVI) promote simultaneous
As(III) oxidation to As(V) and As(III) reduction to As(0) due to the reducing potential
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of the NZVI and the oxidising potential of the thin iron oxide layer that spontaneously
forms around NZVI particles. As(III) oxidation by H2O2 has not been observed in
Figure 2.1: E-pH diagram for As in an aqueous environment at 25°C and 1 bar
total pressure [14 and 49]
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the absence of ferric iron, but is a strong oxidant in the presence of ferric iron [54].
Other metal oxides are also capable of oxidising As(III). Both biogenic and synthetic
manganese oxides have been reported to oxidise As(III) [55]. Two types of As(III)
oxidising prokaryotes have been reported [53]: heterotrophic arsenite oxidisers (HAOs)
and chemolithoautotrophic arsenite oxidisers (CAOs). HAOs oxidises As(III) as a
detoxification measure, whereas CAOs couple As(III) oxidation to oxygen reduction,
promoting cell growth as suggested by Ramos, et al, [53]. According to Palmer and Von
Wandruszka, [55] Tongesayi and Smart, [56], Rochette, et al, [57], abiotic reduction of
As(V) occur in the presence of humic acid [55], fulvic acid [56], and sulphide [57].
Biotic reduction of As(V) by anaerobic respiration of dissimilatory As reducing bacteria,
DARB, isolated in the laboratory has been reported. Sixteen known DARBs have been
listed, though no obligate DARBs has been found, as reported by Kim and Choi, [42].
Oxidation of As(III) by dissolved oxygen, so called oxygenation, is a particularly slow
reaction. The half-lives for the oxygenation of As(III) in seawater range from several
months to a year [58]. Other reports have demonstrated the stability of As(V)/As(III)
ratios over periods of days or weeks during water sampling when no particular care was
taken to prevent oxidation, again suggesting relatively slow oxidation rates. Stable
ratios in seawater for up to 10 days have been reported (4 ºC) [59]. According to Gupta
and Gupta, experimental results have shown that the As(V)/As(III) ratios were stable in
anoxic solutions for up to 3 weeks but that gradual changes occurred over longer
timescales. They also suggested that the measured As(V)/As(III) ratios in natural waters
might be used as an indicator of the ambient redox (E) conditions, particularly in
groundwater where equilibration times are long. There are some reports that the
As(V)/As(III) ratio may be used as a reliable redox indicator for groundwater systems
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[60]. However, this optimism may be unfounded since it has been reported that the E
calculated from the As(V)/As(III) couple neither agreed with that from the Fe(II)/Fe(III)
and other redox couples nor with the measured E [60]. Therefore, the reliability of the
As redox couple as a redox indicator remains to be seen. It is clearly important that
where such comparisons are made, reliable E measurements are carried out [61].
Perhaps the most that can be said at present is that the existence of As(III) implies
reducing conditions somewhere in the system.
Laboratory studies as reportrd by Eary, [62], showed that the kinetics of oxygenation of
As(III) are slowest in the slightly acid range, around pH 5 which is why water samples
are often acidified to about this pH to preserve their in situ speciation. The empirical
rate equation for the reaction over the pH range 8 – 12.5 has been reported [60]. This
was based on the concentration (activity) of the H2AsO3
− species in solution. According
to Wensheng, et al, [63], the half-life for As(III) in natural waters is 1 – 3 years
although, the rate may be greater because of the presence of ‘unknown aqueous species’
or oxide particles, especially manganese oxides. Certainly there is considerable
evidence that manganese oxides can increase the rate of As(III) oxidation with half-
lives being reduced to as little as 10 – 20 min in the presence of manganese-oxide
particles. This is used as advantage in the removal of As(III) from drinking water [14].
The rate of oxidation is independent of the concentration of dissolved oxygen [63], the
rate being controlled by the rate of a surface reaction. Less is known about the role of
iron oxides in altering the oxygenation kinetics. Photochemical oxidation and reduction
may be additional factors in surface waters. Ti-containing particles may aid the photo-
oxidation [59].
As with most redox reactions in the natural environment, both the oxidation of As(III)
and the reduction of As(V) can be bacterially catalysed. Sterile water samples have been
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reported to be less susceptible to speciation changes than non-sterile samples [58]. It
was found that As(III) in geothermal waters input to streams in south-west USA
oxidised rapidly downstream (pseudo first-order half-life calculated at as little as 18
seconds) and attributed the fast rate to bacterial mediation [64]. The reduction of As(V)
to As(III) in Mono Lake was also rapidly catalysed by bacteria with rate constants
ranging from 0.02 - 0.3 per day. Methylated As species are also readily oxidised
chemically and biologically [60]. Less is known about the rate of solid-phase reduction
of As(V) to As(III) but there have been reports on soils and sediments. The evidence
from soils is that under moderately reducing conditions (E < 100 mV) induced by
flooding, As(V) is reduced to As(III) in a matter of days or several weeks and adsorbed
As(V) is released as As(III) [65 and 66]. Masscheleyn, et al, [65], reported that some of
the As was released before Fe, implying reductive desorption from iron oxides rather
than reductive dissolution. Up to 10 % of the total As in the soil eventually became
soluble.
2.3.6 Arsenic pH behaviour
Of the several forms of As, As(III), As(V), monomethylarsonic acid, MMAV, and
dimethylarsinic acid, DMAV undergo acid–base equilibria, thus different major and
minor species will be present depending on the pH. As(OH)3 dissociates sequentially in
water according to Equations 2.11 - 2.13 [67].
As(OH)3 ↔ As(OH)2O
− + H+ pKa = ̴廈2 (2廈11)
As(OH)2O
− ↔ As OH O2
2− + H+ pKa = 12廈1 (2廈12)
As OH O2
2− ↔ AsO3
3− + H+ pKa = 12廈7 (2廈13)
Figure 2.2 shows that at neutral pH, As(OH)3 is the dominant species while As(OH)2O
−
represents a small fraction (< 1.0 %) and the contribution of As OH O2
− and AsO3
− is
insignificant. As(V) is a triprotic acid, according to Equations 2.14 - 2.15 [68].
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As(OH)3O ↔ As(OH)2O2
− + H+ pKa = 2廈3 (2廈14)
As(OH)2O2
− ↔ As OH O3
2− + H+ pKa = ॑廈8 (2廈15)
As OH O3
2− ↔ As(O)4
3− + H+ pKa = 11廈॑ (2廈1॑)
At pH 7, almost equal concentrations of AsO2(OH)2
− and AsO3(OH)
2− will be present
(Figure 2.2). MMAV and DMAV are diprotic and monoprotic acids respectively,
according to Equations 2.17 - 2.19 [69].
CH3As(OH)2O ↔ CH3As OH O2
− + H+ pKa = 4廈1 (2廈17)
CH3As OH O2
− ↔ CH3AsO3
2− + H+ pKa = 8廈7 (2廈18)
CH3 2As OH ↔ CH3 2AsO2
− + H+ pKa = ॑廈2 (2廈1̴)
The major species of MMAV is CH3AsO2(OH)
− at a neutral pH, but the minor species,
CH3AsO3
2− will also be present (Figure 2.2). In the case of DMAV, both
CH3 2AsO(OH) and (CH3)2AsO2
− exist at pH 7 (Figure 2.2) [38, 70].
2.3.7 Arsenic adsorption behaviour
According to Stollenwerk, [71], adsorption of dissolved As onto particulate phases has
been studied not only because of its pivotal role in determining As concentrations and
speciation in natural waters but as an important remediation tool for arsenic removal in
contaminated drinking water. Iron oxides and hydroxides of a variety of composition
and degree of crystallinity are virtually ubiquitous in natural aqueous systems and are
known to play a major role in As geochemistry. Ferrihydrite (approximately
Fe2O3廈2H2O ), is largely amorphous with a high adsorptive surface area and is often
used to simulate solid adsorption surfaces in aquifers. The oxidation state of As and pH
of the system are crucial to adsorptive behavior as is the presence of competing ions.
For example, maximum As(III) adsorption occurred on amorphous hydroxide at around
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pH 7 while As(V) adsorption was fairly independent of pH at low As concentrations but
increased with pH decrease (9 – 4) at higher As concentrations [68]. While some
Figure 2.2 Distribution of As(III), As(V), Monomethylarsonic acid, MMAV, and
Dimethylarsinic acid, DMAV hydroxide species as a function of pH at 25 °C
[70].
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adsorption studies by Goldberg and Johnston, [68], have shown that As(V) adsorbs
more strongly than does As(III) at concentration ranges typical of natural systems,
higher adsorptive capacities of goethite and amorphous iron hydroxide at pH 9 for
As(III) compared to As(V) have been reported [70].
The effects of oxyanions such as phosphate, sulphate, carbonate and silicate on As
adsorption onto solid phases is complicated by not only competition for active sites but
by redox processes and co-precipitation [72]. Clays and oxides/oxyhydroxides of Al and
Mn are also important adsorbents of As, especially in iron deficient systems [73].
Studies of the extent of adsorption of As onto different clays by Prasesh and Andreas,
[74], have shown that, As has been often reported with iron oxyhydroxides, As(V)
adsorbs to a greater extent than does As(III), specifically at pH 7. At higher pH values,
the extent of As(III) and As(V) adsorption is more similar. The effects of carbonate
species on As adsorption are complex. Different adsorbed carbonate concentrations due
to different CO2 conditions resulted in enhanced/suppressed As(V) adsorption onto
hematite (pH 4–8) [75]. Bicarbonate is an effective competitor with As(III) and As(V)
for adsorption onto goethite under field conditions with the largest effect seen at the
lowest experimental pH (~ 6.5) [76].
Because of the chemical similarities between phosphate and As(V), competitive binding
to solids is expected and, this is reported for surfaces such as goethite [77], and
ferrihydrite [78 and 79]. It has been reported that leaching of As by phosphate solutions
occured from lead arsenate contaminated soils [78]. Phosphate inhibition of As(V)
adsorption onto ferrihydrite was reported to be significant over the entire pH range
studied (3 – 10), with a strong dependence on pH and phosphate concentration. For
As(V), the effect was greatest at high pH while the opposite was true for As(III). The
results suggested that As(V) and As(III) compete for the same surface sites on
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ferrihydrite, with a mild preference for As(V). Sites with a much higher affinity for
As(III) than for phosphate were also reported and no effect of sulphate on As(V)
adsorption was observed. However, sulphate was reported to reduce As(III) adsorption
over acidic pH range with the effect increasing as pH was lowered. It was also reported
to reduce the adsorption of As(V) onto hematite [80]. The anionic species of silicic acid
( H4SiO4 ) have been reported to compete effectively with As(V) and As(III) for
adsorption sites on iron oxyhydroxides [81 and 82] and, as was true for phosphate, the
behavior was reported to be pH dependent.
2.3.8 Arsenic in organic matter environment
The effect of organic matter (OM) on As adsorption, speciation and mobility is also a
topic of interest because of the ubiquitous nature of natural organic matter in aqueous
systems. OM consisting of relatively high molecular weight humic substances and
distinct molecules of lower molecular weight contain unique assemblages of reactive
functional groups including but not limited to phenols and carboxylic acids which are
negative at neutral pH [83]. Functional groups associated with OM can be involved in
As speciation due to
(i) possible redox reactions of As,
(ii) organic matter coatings on inorganic adsorbents and
(iii) aqueous complexation of As species [84].
The pH dependent changes associated with OM and As species are key considerations
when evaluating interactions between OM and As.
The effects of OM on As adsorption/mobility depend partly on the solubility of the OM
itself under aqueous conditions (e.g. pH and ionic strength). Fulvic acid (FA) and
natural organic matter (NOM) have lower average molecular weights and greater pH
solubility ranges than humic acid (HA), which is base soluble but acid insoluble. When
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FA or NOM is used to model OM, adsorption of As species onto a solid phase such as
goethite or ferrihydrite, its presence tends to inhibit As adsorption due to competition
for adsorption sites with dissolved OM (DOM) and due to complexation of As by DOM,
increasing the mobility of As. When HA is used to model OM, a significant amount of
the HA is present as solid phase (depending mainly on pH and ionic strength) or exists
as a solid coating on a mineral phase. This tends to remove As from the aqueous phase,
enhancing As adsorption and immobilisation [71]. The pH effects on As speciation, and
the charge on the solid surface, were reported to be the major parameters affecting
sorption behavior for systems containing As(V), FA, and inorganic solid phases (iron
and aluminium oxides, quartz and kaolinite) [80]. When the pH was less than the
isoelectric point, IEP, the solid surface adsorbs H+, increasing positive charge, which
facilitates anionic adsorption [71].
Redox effects on As adsorption have been reported by Guangliang and Yong, [85]. For
example, a rapidly facilitated oxidation of As(III) to As(V) by six NOM samples upon
incubation in darkness with no relationship to sample metal content was reported [84].
Suwannee River FA, SRFA, promoted the reduction of As(V) to As(III) under both
light and dark conditions while the oxidation of As(III) to As(V) was promoted to a
greater extent at pH 2 than at pH 6 [86]. An enhancement of As(III) oxidation to As(V)
for adsorption onto TiO2 in the presence of DOM from various sources under alkaline
conditions and in the absence of both light and O2, have been reported [70].
The important role of pH in affecting the adsorption of As onto solid surfaces in the
presence of OM has been reported. It has been reported that, there was an inhibition of
pH on As uptake by the surface of TiO2 in the presence of natural organic matter, NOM
[70]. The effects of low molecular weight organic acids and pH on As(V) adsorption
onto goethite was also reported; citrate was most effective at inhibiting As(V)
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adsorption, especially at lower pH values (4), although oxalate dissolved more goethite
than did citrate, suggesting that competition for binding sites, rather than goethite
dissolution, was the key reason for As mobilisation as reported by Rebbun and Rav-
Acha, [87]. The effects of SRFA and a peat HA on As(III) and As(V) adsorption onto
goethite was reported to show significant pH effects [89]. HA reduced As(V) adsorption
between pH 6 – 9 while SRFA reduced As(V) adsorption between pH 3 – 8 and both
inhibited As(III) adsorption at pH 3 – 8, suggesting that more than one OM functional
group was involved. A similar study using ferrihydrite as the solid phase as reported by
Grafe, et al, [88], yielded very different results: As(V) adsorption onto ferrihydrite was
not decreased by either SRFA or the HA while As(III) adsorption was reduced by
SRFA and HA had no effect.
According to Dobran and Zagury [89], an unusual source of OM (mixture of peat moss
and poultry manure) was used to determine the influence of OM on As speciation and
mobilisation in synthetic chromated copper arsenate (CCA) contaminated soils for long
periods of exposure (upto 40 days). This study found that while As(V) was the
predominant dissolved and sorbed form of As at high OM contents, formation of
adsorbed As(III) was significant and both As(V) and As(III) mobilisation was enhanced
with a noted persistence of soluble As(V).
According to Cox and Ghosh, [69], studies on adsorption of organic forms of As are
limited mainly to MMAV and DMAV. Adsorption of MMAV and DMAV onto
ferrihydrite and activated alumina while varying pH, ionic strength, and sorbate–sorbent
ratio have been reported [69]. A decrease of adsorption with increasing pH was reported.
Adsorption decreased significantly at pH values above 7, but ionic strength showed only
a weak dependence [69]. It has been reported that, the triple-layer surface complexation
model was used to interpret results, which suggested two different types of active sites,
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while modelling a homogeneous surface gave inconsistent results [69]. Similar
adsorption behavior for MMAV and As(V) for adsorption onto hydrous Al2O3 has been
reported [90]. A report on adsorption study using goethite, hematite and lepidocrocite
showed that sorption decreased in the order As(V) > DMAV = MMAV > As(III) below
pH 7 and As(V) > As(III) > MMAV = DMAV above pH 7 [90]. In many instances, high
concentrations of organic matter in natural waters coincide with reducing and/or highly
sulphidic conditions. These conditions are often found in groundwater and thus their
effects on As speciation may be critical with respect to the potability of water supplies
[90].
2.3.9 Arsenic in sulphidic waters
Arsenic chemistry in sulphidic environments may be controlled by the formation of
thioarsenic species (thioarsenite and/or thioarsenate) [91 and 92]. The formations of
some thioarsenite species are described by the following reactions (Equations 2.20 -
2.25) in sulphidic waters [91].
As(OH)3 + HS− + H+ → As OH 2(SH) + H2O (2廈2 )
As(OH)3 + HS
− → As(OH)2S
− + H2O (2廈21)
As(OH)2S− + HS− → As OH S2
2− + H2O (2廈22)
As(OH)S2
2− + HS− + H+ → AsS3H
2− + H2O (2廈23)
As(OH)S2
2− + HS− + H+ → AsS3
3− + H2O (2廈24)
AsS3 + HS
− + 2H+ → As(SH)4
− (2廈25)
There may be as many as eight different arsenosulphur species present in arsenite- and
sulphide-containing solutions [93]. Reports on the analysis of laboratory and
environmental samples suggested that As-S compounds comprised ≥ 50 % of the total
As in sulphidic environments [92, 94 and 95]. According to Emett and Khoe, [96],
spectroscopic measurements as well as solubility studies of As2S3 in hydrogen sulphide
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solutions suggested that HAsS2O
− and HAsS3
− are present in sulphidic waters non
saturated with respect to As2S3 . Under nearly saturated conditions, the trimer As3S॑
3−
dominates [73 and 97]. Four As–sulphur species with As : S ratios from 1 : 1 - 1 : 4
have been reported [91]. The proposed formula for the As : S ratio of 1 : 4 was H4AsS4
−
while the suggested species with ratios, 1 : 1, 1 : 2, and 1 : 3 were equivalent to
thioarsenites [91]. Monomeric and trimeric thioarsenite species have been suggested as
the most probable As–S complexes in sulphidic waters [98].
In sulphidic ground waters and artificial arsenite/hydrogen sulphide solutions,
thioarsenates are formed [94]. The high affinity between As(III) and sulphur results in
the addition of the free electron pair of As(III) to form As(V) in thioarsenates. It is
reported that, mono-, di-, tri-, and tetrathioarsenates have also been determined in
geothermal waters of Yellowstone National Park [95]. It may be possible that natural
sulphidic systems are characterised by complex non equilibrium distributions of arsenic
oxyanions, thioarsenites, and thioarsenates. Biochemical processes also play a major
role in As speciation in sulphidic waters [99].
2.3.10 Arsenic precipitation
The insolubility of certain inorganic As(V) compounds is the basis of many
hydrometallurgical As removal processes, and the insoluble product is often a disposal
material. The most common methods of removing As from aqueous process streams are
by precipitation as As(III) sulphide, calcium arsenate, or ferric arsenate, but it has been
reported that, all of these materials are unstable under certain conditions and therefore
not suitable for direct disposal to uncontained tailings as they will produce leachate
containing As as reported by Swash and Monhemius, [100].
The sulphide As2S3 has its lowest solubility at pH < 4, but that solubility is significantly
higher than what has been generally accepted as reported by Young and Robins, [101].
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The sulphide is not usually a form that is disposed in residues as it is easily oxidised and
increasingly soluble at pH > 4. According to Young and Robins, [101], there have been
unsuccessful attempts to use As2S3 in landfill in which acidic-anaerobic conditions are
maintained, and also in cement cast admixes. Recent work on biological formation of
As-sulphides may have an application in treating process residues, but containment of
waste material remains a problem.
There are a number of calcium arsenates that can be precipitated from As(V) solutions,
by lime addition to it at high pH [102]. Lime addition in excess can reduce As
concentrations in solution to < 0.01 mg L−1 , but those calcium arsenates which are
precipitated at pH > 8 are not stable with respect to the CO2 in the atmosphere, which
converts them into calcium carbonate, releasing As to solution in balance with
appropriate cations [102].
Arsenic(V) can also be precipitated from process solutions at about pH < 2 with iron(III)
to form ferric arsenate, FeAsO4廈2H2O , which is white to very pale green in colour. At
ambient precipitation temperatures the compound is very small in crystal particle size (<
10 nm) [103], but these particles tend to agglomerate to about 100 nm and the material
is difficult to de-water by conventional operations. At temperatures about > 90 oC, the
precipitated compound is crystalline (> 100 nm) and has a solubility about 2 orders of
magnitude lower than the amorphous material (which is the particle size effect). The
"amorphous" ferric arsenate exhibits incongruent solubility at about pH 1 (where [As] is
about 500 mg L−1 ) and at higher pH will convert very slowly to an As bearing
ferrioxyhydroxide, which initially forms around the surfaces of the ferric arsenate
tending to stabilise the material and colouring it yellow to brown [104]. Crystalline
ferric arsenate (scorodite) has an incongruent solubility point at about pH 2 and is
comparatively slow to convert to the As bearing ferrioxyhydroxide at higher pH, and for
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material of larger crystal particle size, this may take some years [104]. Crystals of
FeAsO4廈2H2O do not grow to appreciable size (about > 1 mm) as they have a relatively
high positive surface potential right up to the pH of the incongruent point. Ferric
arsenate of either form is not thermodynamically stable in the neutral to high pH region.
The materials may pass conventional leach tests and are not suited for direct
uncontained disposal, but perhaps would satisfy a "slow release criteria" if regulatory
authorities would give this option its deserved consideration. Ferric arsenate is also not
stable in alkaline cement cast admixtures.
There are other metal arsenates, such as those of Fe(II), Zn(II), Cu(II) and Pb(II) [105],
which are less soluble and more stable in the neutral pH region than the calcium
arsenates or ferric arsenate, but these have not been seriously considered as disposal
forms. It has been reported that, iron(II) arsenate is of particular interest as a low
solubility material [106] and this compound has recently been the basis of a process
developed and successfully demonstrated in a variety of applications [107]. According
to Twidwell, [106], barium(II) arsenate was proposed as being an extremely insoluble
arsenate, but this was shown to be incorrect. More complex compounds, such as the
apatite structured calcium phosphate-arsenate have recently been reported to be of low
solubility (including being stable to atmospheric CO2 ) and of appropriate stability for
disposal considerations [107]. Ferric arsenite sulphate has also been reported and may
prove to be useful in stabilising As(III) [108]. One of the most insoluble As compounds
is lead(II) chloroarsenate (the mineral form being mimetite) which has been studied in
detail by Jia and Demopoulos, [108].
According to Asselin and Shaw, [109], very little attention has been given to mixed
oxidation state materials {both Fe(II)-Fe(III) and As(III)-As(V) combination
compounds have been tentatively identified and reported}, and the authors are currently
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conducting a comprehensive study of these systems. The Fe(II)-Fe(III) hydroxy
sulphate (known as "green rust") has been reported to incorporate As into the structure
at pH < 7 and is worthy of further study.
2.3.11 Oxidation of arsenic(III) to arsenic(V)
Under typical anoxic groundwater conditions, at a near neutral pH of 7, As(III) is the
predominant form of As, while in oxic groundwater, As(V) dominates [64]. As(III) has
a low affinity to mineral surfaces, while As(V) adsorbs easily to solid surfaces. An
oxidation/precipitation technology should thus be very effective for the removal of As
from water [110 - 112].
2.3.11.1 Chemical oxidation
The oxidation of As(III) by traditional chemical oxidants (Ox) such as chlorine, chlorine
dioxide (ClO2), chloroamine (NH2Cl), ozone, hydrogen peroxide, permanganate (MnO4
−),
and ferrate (FeO4
2−) has been reported by different research groups [96, 112 - 117]. The
kinetics of the reactions with O3 , Cl2 , H2O2 , NH2Cl , and ferrate are first-order with
respect to both As(III) and oxidants [96, 114, 116 and 117]. Cl2 and O3 react very
rapidly, while NH2Cl and H2O2 are slow in reacting with As(III). Ozone reacts faster
with As(III) than with chlorine in the pH range 6.0 – 9.0. Though kinetic measurements
have not been conducted for MnO4
− oxidation, its reaction with As(III) is fast. Chlorine
dioxide is a powerful oxidant but it is unable to completely oxidise As(III) [112]. The
reaction of Fe(VI) with As(III) is fast [114], however, the pH dependence of the Fe(VI)
reaction with As(III) is opposite to that of other oxidants. This suggests that the
reactivity of Fe(VI) may be largely due to electrostatic interactions rather than to the
nucleophilic behavior of As(III) species [117]. Stoichiometries of the oxidation
reactions are expressed in the following Equations 2.26 - 2.33.
Cl2: As(OH)3 + HOCl → AsO4
3− + Cl− + 4H+ (2廈2॑)
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ClO2: As(OH)3 + 2ClO2 + H2O → AsO4
3− + 2ClO2
− + 5H+ (2廈27)
ClO2: 5As(OH)3 + 2ClO2 + H2O → 5AsO4
3− + 2Cl− + 17H+ (2廈28)
NH2Cl: As(OH)3 + NH2Cl + H2O → AsO4
3− + NH4
+ + Cl− + 3H+ (2廈2̴)
H2O2: As(OH)3 + H2O2 → AsO4
3− + 3H+ + H2O (2廈3 )
O3: As(OH)3 + O3 → AsO4
3− + O2 + 3H
+ (2廈31)
MnO4
−: 3As(OH)3 + 2MnO4
− → 3AsO4
3− + 2MnO2 + 7H
+ + H2O (2廈32)
FeO4
2−: 3As(OH)3 + FeO4
2− + H2O → 3AsO4
3− + 2Fe(OH)3 + 5H
+ (2廈33)
Oxidant amount requirements for the oxidation of As(III) can be determined from these
Equations, 2.26 – 2.33. The reaction with ClO2 , varies whether the reaction goes
through a one-electron or five-electron transfer process (Equations 2.27 and 2.28). The
presence of interfering substances such as Fe(II), Mn(II), sulphides (HS− and S2−), and
total organic carbon (TOC) in water samples may interfere with the oxidant demand.
For example, oxidation of As(III) by ozone was significantly lowered in the presence of
S2− and TOC as reported by Dodd, et al, [116].
Free chlorine or hypochlorite is effective for As(III) oxidation, but chlorination creates
and leaves disinfectant by-products (DBPs) in treated water (e.g Trihalomethanes
(THMs) which is carcinogenic) [118]. Ozone can reduce levels of THMs and halo
acetic acids (HAAs), but it can form the potent carcinogenic bromate ion by reacting
with bromide present in water [119 and 120]. The reports on a study suggested that
treatment with NH2Cl produced N-nitrosodimethylamine (NDMA), a suspected human
carcinogen [121]. Reduction of ClO2 produces chlorite ion, which is considered a blood
poison and higher dosages of ClO2 (≈ 1.4 mg L
−1 ) are likely to produce chlorite levels
that exceed the USEPA standard of 1 mg L−1 . Ferrate(VI) ( FeO4
2− or Fe(VI)) can
address some of the concerns related to the use of other chemical oxidants for removing
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As [122]. Interestingly, Fe(VI) does not react with bromide ion and thus carcinogenic
bromate ion would not be produced in the treatment of bromide-containing water [122].
Moreover, a by-product of Fe(VI) {Fe(III)} is non-toxic, which acts as a powerful
coagulant [123 and 124] that is suitable for the removal of As(V), the oxidised product
of As(III) (Equation 2.30), in water [114 and 117]. Thus Fe(VI) acts as multifunctional
chemical: oxidant, disinfectant, and coagulant in a single mixing [125].
However, proper selection of oxidants can reduce the effect of scavengers on oxidant
effectiveness. For example, it is better to use ozonation rather than chlorination in order
to remove As from water that contains excess ammonia because ozone reacts slowly
with ammonia. On the other hand, if high levels of DOM are present, chlorination is a
better choice due to a much slower reaction rate of free available chlorine (FAC) with
DOM than that of ozone [125 and 126]. Interestingly, ion pairs between ferrous (a
common constituent of groundwater) and As(III) is known to react with Fe(VI) in the
removal of As from water [126]. Reaction of Fe(VI) with this ion pair produces highly
insoluble ferric arsenate, which immediately settles from solution (Equations 2.34 and
2.35).
Fe2+ + AsO4
3− → FeAsO4
− (2廈34)
FeAsO4
− + FeO4
2− → FeAsO4 + Fe(OH)3 (2廈35)
The optimum removal of As (approximately 2 μ g L−1 ) was obtained with a total
iron/arsenate ratio ≈ 8 : 1 at pH 5 at an initial As concentration of 50 μ g L−1 in
deionised water. In river water, the concentration of As was reported to lower from 517
to below 50 μg L−1 with the addition of 2 mg L−1 Fe(VI) [114]. Literature revealed that,
loboratory results also showed removal of As by Fe(VI) [117]. According to Sharma,
[126], It has been found that a small dose of Fe(VI) (0.5 mg L−1 ) in combination with
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the major coagulant Fe(III) at doses of 2.0 and 4.0 mg L−1 was required to remove As
from river water.
Finally, a combination of Fe(II) and H2O2 (i.e. Fenton reaction) has been reported to
oxidise As(III) [132]. At low pH (≤ 5), a hydroxyl radical (•OH), (Fe(II) + H2O2 →
Fe(III) + •OH + OH−) has been reported as an oxidising specie. However, at neutral pH,
Fe(VI), instead of hydroxyl radical, can possibly oxidise As(III), (As(III) + Fe(VI) →
As(IV) + Fe(III)) [127]. The use of the Fenton reagent, followed by passage through a
column of zero valent Fe has been reported to be effective in remediating As [128].
2.3.11.2 Photochemical oxidation
Photochemical oxidation of As(III) using UV light irradiation has been reported in
several studies. In a study by Hug and Leupin, [128], the oxidation of As(III) by the
photolysis of hydrogen peroxide under acidic conditions was evaluated and evidence for
the existence of an intermediate specie, As(IV), was given. This intermediate species
was also suggested in the photochemical oxidation of ferrous sulphate in the presence of
As acid. It has been reported that, dissolved As(IV) was later characterised in pulse
radiolysis of aqueous arsenous acid, As(III) and As(IV) [129]. Addition of Fe(III) to As-
contaminated water in perchlorate/perchloric solution at pH 0.5 – 2.5, followed by
exposure to UV or solar light enhanced the removal of As. According to Hug and
Leupin, [128], the proposed reactions in the study, Fe(III)-hydroxide and -chloride
species absorb photons to give highly oxidising hydroxyl and dichloro radicals which
convert As(III) to As(V). This photochemical method is suitable for acidic mining
effluents. However, this system was also reported to be useful under natural water
conditions [130]. An oxidation of As(III) solution containing 0.06 – 5 mg L−1 Fe(II,III)
using UV light removed more than 90 % of the 500 μg L−1 total As in 2 – 3 h. Addition
of citrate to this solution strongly accelerated the oxidation of As(III) as reported by
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Hug, et al, [129]. Solar-light instead of UV-light can also remove As from natural water
upon addition of iron and citrate [130]. It has been reported that the addition of a few
drops of lime or lemon juice into water may be helpful in enhancing the photochemical
oxidation of As(III) to the less harmful As(V) [129]. The influence of dissolved organic
matter on the UV and visible light oxidation of As(III) has also been examined [131].
According to Buschmann, et al, [131], the oxidation rate increased linearly with DOM.
Excited triplet and/or phenoxyl radicals were reported as possible participants in the
oxidation of As(III). The rates are also influenced by pH and the increase was of a
factor of 10 from pH 4 – 8. Hence both DOM and pH control the half-lives of oxidation
of As(III) in natural waters. For example, a half-life of 0.7 h for 8 μM As(III) at pH 5
and 25 °C was determined by Kocar and Inskeep, [132], under natural sun light for a
solution containing 10 mg L−1 DOM and 18 μM Fe(III). However, the half-life was
reported to be shorter by a factor of 80 for a solution containing 5 mg L−1 DOM and 45
μM Fe(III) at pH 7.2 [131]. It was reported that, solar-light oxidation of As(III) may not
be practical in high productivity waters where the reduction of As(V) by algae is
probably faster than the photochemical oxidation of As(III) [133]. However, as
observed by Redman, et al, [84], that NOM significantly increased the oxidation of
As(III) even in darkness. The photochemical decomposition of other As species such as
MMAV and DMAV has also been reported [134].
Recently, oxidation of As(III) by Yoon, et al 2008, was accomplished by using vacuum-
UV lamp irradiation at 185 and 254 nm wavelengths [135]. The effects of Fe(III), H2O2,
and HAs were examined in this study. HA did not show any influence on the oxidation,
but both Fe(III) and H2O2 increased oxidation efficiency. Under the experimental
conditions, exposure to a vacuum-UV lamp resulted in a higher efficiency of oxidation
of As(III) than that obtained with UV/H2O2 and UV/Fe(III)/H2O2 oxidation methods
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[135]. The oxidation of As(III) to As(V) using a vacuum UV light was also equally
effective in natural water samples. The total As ([As(III)]+[As(V)]) could be achieved
easily by adding activated alumina or FeCl3, which coagulates/precipitates As(V) [135].
2.3.11.3 Photocatalytic oxidation
The efficient oxidation of As(III) to As(V) by photocatalytic oxidation (PCO) has been
reported [136]. Oxidation using titanium dioxide ( TiO2 ), PCO of As(III) to As(V)
followed by adsorption of As by TiO2 has also been reported [137 and 138]. The
adsorption of As(V) onto TiO2 was reported to be affected by pH, type of TiO2 , initial
As concentration, and the presence of anions (e.g. CO3
2− and PO4
3−) and NOM [137, 139
and 140]. Adsorption of As(V) onto TiO2 is more extensive at low pH than at high pH
[137 and 141]. The presence of 2 – 15 mg L−1 NOM present in TiO2 suspensions
decreased the adsorption of As(V) on the surfaces, probably due to the competition of
NOM with As(V) for available binding sites on the TiO2 surface . Another possibility is
that NOM adsorption modifies the surface charge of TiO2. It has been reported that, the
PCO of As(III) in suspensions with low TiO2 loadings followed by subsequent
adsorption of As(V) onto TiO2 surfaces in slightly acidic media reduced As to
concentrations below the WHO drinking water limit of 10 μg L−1 in water [138]. A
slag-iron oxide-TiO2 adsorbent has also been reported for removal of As after catalytic
oxidation of As(III) [103]. Adsorption was efficient and the necessary amount of
adsorbent was 2 and 5 g L−1 for removal of 20 and 50 mg L−1 As(III), respectively, in
water.
The mechanism of catalytic oxidation of As(III) in TiO2 suspensions has been reported.
Some initial studies suggested the superoxide ion as the major oxidant species [103, 141
- 143]. Subsequently, photoelectrochemical measurements during the catalytic oxidation
of As(III) were conducted by Ferguson, et al, [103], which lent support to the proposed
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mechanism of superoxide as the main species responsible for oxidation. However,
recently, an argument was made by Rye and Choi, [144], which invalidates the
electrochemical measurements in this study and rules out the proposed role of the
superoxide species. Finally, it has been reported that the superoxide ion is involved
when catalytic oxidation occurs under normal conditions of only dissolved oxygen and
water [145].
Recently, photocatalytic degradation of MMAV and DMAV using Degussa P25 and
nanocrystalline TiO2 have been reported [70]. The adsorption of MMAV and DMAV
onto TiO2 shifted the isoelectric point of the TiO2 surface from 5.8 - 4.1 for MMAV and
from 5.8 - 4.8 for DMAV [144]. The bidentate and monodentate inner sphere complexes
of MMAV and DMAV with TiO2 surfaces are formed, respectively [144]. In the use of
Degussa P25 TiO2 , both MMAV and DMAV were reported to readily mineralised to
As(V) [145]. The photocatalytic oxidation of DMAV formed MMAV as the intermediate,
which was subsequently oxidised to As(V). The pH had little effect on the degradation
of MMAV and DMAV in the pH range between 3 and 7. Evidence for the hydroxyl
radical as the primary oxidant was reported [70]. A later study by Yoon and Lee, [145],
using nanocrystalline TiO2 also suggested the hydroxyl radical as a primary oxidant.
The mass balance of carbon in the oxidation of MMAV suggested that the methyl group
in MMAV may be oxidised to methanol and formaldehyde. Formaldehyde can be
oxidised to formic acid under the conditions and was reported as a product of the
reaction. Similar results were obtained with DMAV, which indicated that all methyl
groups of the molecule were transformed to organic compounds such as formic acid.
2.4 Chromium (Cr)
Another heavy metal of significant health issues is Cr; Cr (atomic number 24) belongs
to group 6 alongside molybdenum and tungsten and between V and Mn in period 4 of
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the periodic table, with an electronic configuration [Ar]3d54s1. It is named after the
Greek word chroma; “colour” because its compounds occur in many different colours,
Cr was first discovered in 1797 by Louis Vauquelin. It’s the 21st element in the earth
crust in relative abundance, and the sixth most abundant transition metal [146]. Cr is
present in water, sediments, rocks, soils, plants, biota, animals and volcanic emissions.
Elemental Cr is a silvery, shiny, hard, and brittle metal that is insoluble in water and
resistant to ordinary corrosive agents [147]. It occurs naturally in chromate, having four
naturally stable isotopes, with mass numbers; 50 (4.3 %), 52 (83.8 %), 53 (9.5 %), and
54 (2.4 %). Several radioactive isotopes are also known, all artificial: with the exception
of 51Cr, they exhibit very short half-lives, in general much shorter than 24 hours [148].
Chromium occurs almost ubiquitously in nature (< 0.1 µg m−3 in air). Natural levels in
uncontaminated waters range from fractions of 1 µg to a few µg L−1 . It occurs in each
of the oxidation states from -2 - +6, but only the 0 (elemental), +2, +3 and +6 states are
common. Also, only the Cr(III) and Cr(VI) oxidation states that are stable enough to
occur in the environment. The relation between Cr(VI) and Cr(III) states of Cr is
described by the equation:
Cr2O7
2− + 14H+ + ॑e− → 2Cr3+ + 7H2O E
o = +1.33 V (2.36)
The difference in electric potential between these 2 states reflects the strong oxidising
properties of Cr(VI) and the substantial energy needed to oxidise the Cr(III) to the
Cr(VI) form. A gradual reduction of Cr(VI) to Cr(III) is demonstrated by the colour
change of the conventional chromate cleaning solution in the laboratory from bright
orange to green, in the presence of organic matter [148].
Chromium(III) in natural waters is in hydrolysed Cr(H2O)4(OH)2
+ form and complexes,
and even adsorbed on colloidal matter (are largely bound to floating particles in water).
It is an essential element in mammalian metabolism. In addition to insulin, it is used to
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reduce blood glucose levels and control certain cases of diabetes. Cr(III) is also
responsible for reducing blood cholesterol levels by diminishing the concentration of
low density lipoproteins “LDLs” in the blood [146 and 148].
Chromium(III) is the most stable and important oxidation state of the element,
particularly in relation to its aqueous chemistry [149]. This state is characterised by the
formation of a very large number of relatively kinetically inert complexes, in which
Cr(III) is always hexacoordinated. This kinetic inertness allows many complex species
to be isolated as solids and to persist for relatively long periods of time in solution, even
if their thermodynamical condition is unstable. In aqueous media and in the absence of
specific ligands, Cr(III) is present as Cr(H2O)॑
3+ , (a moderately strong acid, Equation
2.37). The aqueous compositions of these groups of substances are complex and depend
on environmental conditions and their influence on processes such as hydrolysis,
complexation, redox reactions, and adsorption. Even at naturally occurring
concentrations and substantially neutral pHs, Cr(III) compounds in aqueous systems
may be actively oxidised to Cr(VI) by strong oxidants such as chlorine or hypochlorous
acid, ozone and others [150 - 152].
[Cr(H2O)6]
3+
(aq)  +   H2O(l) [Cr(H2O)5(OH)]
2+
(aq)  +   H3O
+
(l) (2.37)
Cr(VI) is the second most stable state: its compounds, whose aqueous chemistry is of
particular relevance, primarily arise from anthropogenic sources [153 and 154]. In
addition to its occurrence in rare minerals, naturally occurring Cr(VI) has also been
occasionally detected in groundwater [155]. In this oxidation state, Cr forms oxy-
compounds that are fairly potent oxidising agents. In basic solutions (pH > 6.5), it exists
predominantly as the yellow chromate ion (CrO4
2−). As the pH is lowered (pH < 6), the
solution of chromate ions turns orange owing to the formation of dichromate ions
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(Cr2O7
2− ) (Equation 2.38). Acid solutions of dichromate are quite powerful oxidising
agents, the Cr(VI) reduction process yielding Cr(III). In basic solution, the chromate ion
exhibits a much lower oxidising power as the CrO4
2− species undergo relative
stabilisation. Cr(VI) compounds are reduced to the trivalent form in the presence of
oxidisable substances (reductants). In natural waters, often characterised by a fair
degree of acidity [148], Cr(VI) compounds are generally more stable as the
concentration of reducing materials is relatively low.
2CrO4
2-
(aq)  +   2H
+
(aq) Cr2O7
2-
(aq)  +  H2O(l)        (2.38)
2.4.1 Environmental fate of chromium
Chromium contamination of soil, atmosphere and water is a significant problem
worldwide. Cr occurs in the environment in natural forms as a ferric chromite, FeCr2O4,
crocoites, PbCrO4 , and chrome ore, Cr2O3 [156]. Moreover, it is delivered into the
environment from anthropogenic sources which are caused by the wide exploitation of
chromium in the industry. This element and its compounds have applications in
electroplating, metal finishing, petroleum refining, magnetic tapes, pigments, leather
tanning, wood protection, chemical manufacturing, brass, electrical and electronic
equipment, nuclear power plants, and catalysis [157 and 158]. Chromium contaminants
released by these industries are input into the soil, atmosphere, waters; surface water,
drinking water, and groundwater, and afterwards pass through the cell membrane of the
living organism and to the food chain, to the human body, Figure 2.3 shows how Cr is
cycled in the environment [159].
2.4.1.1 Chromium in water
Chromium exists in its two stable oxidation states including Cr(III) and Cr(VI) in
natural waters. The presence and ratio between these two forms is dependent on
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chemical and photochemical redox transformation, precipitation/dissolution and
adsorption/desorption reactions. Cr(III) should be the only form under anoxic or
suboxic conditions. Cr(III) species are stable at pH ≤ 6, whereas at pH ≥ 7 the CrO4
2−
ions should predominate in oxygenated aqueous solutions [70]. At intermediate pH
values, the Cr(III)/Cr(VI) ratio depends on O2 concentration. In oxygenated surface
waters; pH, O2 concentration, the presence and concentration of reducers and
complexing agents is important for the occurrence of significant Cr(III) quantities [160].
The predominant specie is sometimes important for it. At the same time, Cr(III) is easily
oxidised to Cr(VI) in the presence of manganese oxides under the conditions prevalent
in natural waters [161].
Chromium(III) forms many different complexes with naturally occurring organic
compounds, such as amino, fulvic, humic and other acids. Aqua/hydroxo complexes of
Cr(III) speciation are dominant in surface waters [162]. But Cr(III) is immobilised by
macromolecular compounds and thus removed from the solution in most of these
complexes. Moreover, aqua/hydroxo Cr(III) complexes are strongly adsorbed by solids.
It decreases Cr(III) mobility and bioavailability in waters. Aqua/hydroxo complexes of
Cr(III) speciation are so easily oxidised than Cr(III) complexes with organic ligands.
Therefore Cr(III) is better stabilised by ligands other than H2O and/or OH
− . Cr(VI)
species are only weakly sorbed to inorganic surfaces. It is also the most mobile form of
Cr in the environment [163].
Chromium found in wastewater are quite different in nature and behaviour from those
present in natural waters, because physicochemical conditions of the wastes vary with
the various industrial sources. The presence and concentration of different forms of Cr
depend mainly on the Cr compounds applied in the technological process, on pH and on
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organic and/or inorganic wastes coming from the material processing. Different forms
of Cr with various inorganic and organic ligands is determined by effecting their pH
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Figure 2.3 Environmental cycling of chromium [159].
value, solubility, sorption and redox reactions. [164 and 165]. The equilibrium data,
different oxidation states and chemical forms have been reported in specified E and pH
ranges by Pourbaix diagram, (Figure 2.4). The solid and dissolved species are
associated with the dissolution of Cr in water. All of the known species containing Cr,
O and H exist in equilibrium with water at atmospheric pressure. The +2, +3, +4 and +6
valence states of Cr are known to exist at equilibrium in water [166].
Hexavalent chromium is a toxin typically originating from anthropogenic activity [167].
However, naturally occurring aqueous Cr(VI) at concentrations up to 73 μg L−1 have
been reported in ground and surface waters from New Caledonia, California, Italy, and
Mexico [168 - 172]. The values exceed the WHO's limit for drinking water of 50 μg of
Cr(VI) per liter. Processes for Cr(III) release to solution from chromite, the primary
geological source for chromium, are perplexing because this mineral is known to be
resistant to weathering, diagenesis, and low-grade metamorphic reactions [173].
Manganese minerals that pervasively form as surface coatings on soil minerals and
along fractures within Cr-rich rock strata may serve as potential oxidants of Cr(III). In
the earth's crust, chromium is concentrated (> 200 mg kg−1 ) in ultramafic rocks and
serpentinites of ophiolite complexes that constitute ≈ 1 % of the terrestrial landscape,
primarily within populated areas of the Circum-Pacific and Mediterranean regions.
Chromium(III) concentrations in resulting soils and sediments are magnified by
weathering and diagenetic reactions, where total Cr values ranging between 1,000 and
60,000 mg kg−1 are common as a consequence of selective alteration of silicate
minerals relative to chromite [168]. Despite the dominance of Cr(III)-species, recent
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discoveries of aqueous Cr(VI), a mutagen, teratogen and carcinogen [167], in regions
far afield from anthropogenic sources include the following:
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Figure 2.4 A simplified Pourbaix diagram for Cr species at 150 °C and
[Cr(aq)]
tot
=10-8 [49].
(i) Spring waters from ultramafic rocks near Cazadero, in the coast
ranges of California, where Cr(VI) concentrations are between 12
and 22 μg L−1 [168];
(ii) Pore-waters of serpentine soils in Tehama County, CA, having
concentrations of 20 μg L−1 or greater [169];
(iii) Groundwaters from the ophiolite complex in the La Spezia Province
of Italy exhibiting Cr(VI) concentrations between 5 and 73 μg L−1
[167];
(iv) Groundwater at León Valley, Mexico, having Cr(VI) concentrations
of 12 μ g L−1 attributed to ultramafic rocks of the Sierra de
Guanajuato [173];
(v) Ground water from mafic alluvial deposits in the Mojave Desert
having Cr(VI) concentrations of 60 μg L−1 [171];
(vi) Groundwater from the Aromas Red Sands aquifer in Santa Cruz
County, residing within an ophiolite complex having dissolved Cr(VI)
concentrations ranging from 4 to 33 μg L−1 [174]; and
(vii) Phosphorus-amended soils derived from utramafic rocks in New
Caledonia having pore-water concentrations of 700 μ g L−1 [170].
The New Caledonia soils have the highest reported Cr(VI)
concentration, owing to the presumptive displacement of Cr(VI) from
mineral surfaces by phosphate, which has been added to the soil as a
nutrient amendment [170].
Chromium concentrations were determined in the urban water supply of Oropos (up to
80 μ g L−1 Cr(VI)) and Inofyta (up to 53 μ g L−1 Cr(VI)) in Greece [11]. High
concentrations of Cr(VI), ranging from 5 - 33 μ g L−1 , were also found in the
groundwater that is used for the urban water supply of the town of Thiva. High As
content (up to 34 μg L−1 As) along with Cr(VI) (up to 40 μg L−1) were detected in the
urban water supply of Schimatari. The pollution of groundwater by Cr(VI) in the
majority of water wells in the Thiva – Tanagra – Malakasa basin, is related to the
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widespread industrial activity, the usage of hexavalent chromium in various processes
and the discharges of Cr-bearing wastes [11]. Again, the concentrations of total
chromium in groundwater at the Idaho National Engineering Laboratory, where
chromate is used as a corrosion inhibitor, ranged from < 1 - 280 μg L−1 [175]. The
water from a village well situated near a waste pond receiving chromate waste in
Douglas, Michigan, contained 10,800 μg L−1 Cr(VI). Similarly, water from a private
well adjacent to an aircraft plant in Nassau County, New York, contained 25,000 μg L−1
Cr(VI), while water from a public well adjacent to another aircraft plant in Bethpage,
New York, contained 1,400 μg L−1 Cr(VI) [176 and 177].
Both trivalent and hexavalent forms of chromium are released into the environment as a
result of industrial uses, as well as from the production and combustion of fossil fuels,
and the smelting and refining of nonferrous base metals, Table 2.2 gives an estimate of
atmospheric Cr emissions from anthropogenic sources which may end up in the water
bodies [178 and 179]. Since airborne chromium is associated mostly with the particulate
phases, it is removed from the atmosphere by both dry fallout and wet precipitation. The
residence time of chromium in the atmosphere is estimated to be less than 14 days [180].
2.4.1.2 Chromium in the soil
In soils, Cr is present mostly as insoluble Cr(OH)3 or as Cr(III). The dominant form of
Cr is dependent strongly on pH; in acidic soils (pH < 4) it is Cr(H2O)॑
3+, whereas at pH
< 5.5 it is the hydrolysis products, mainly Cr(OH)2+ [181]. Macromolecular clay
compounds can easily adsorb both of these forms.
Cr(VI) is present mostly in soluble forms such as Na2CrO4 in neutral to alkaline soils.
CaCrO4 , BaCrO4 and PbCrO4 are examples of moderately soluble chromates [182]. A
dominant form of Cr(VI) in more acidic soils (pH < 6) is suggested to be HCrO4
− . The
most mobile forms of Cr in soils are CrO4
2− and HCrO4
− ions. They can be taken up by
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plants and easily leached out into the deeper soil layers, thus, leading to ground and
surface water pollution [183]. Cr(VI) is reduced to Cr(III) in reduction reactions, or
Cr(III) is oxidised to Cr(VI) in oxidation reactions. The pH, oxygen concentration, the
presence and concentration of reducers are important in these processes. It has been
suggested that Cr(VI) mobile forms that are HCrO4
− and CrO4
2− , can be reduced by
different inorganic reducers such as Fe(II) or S2− [183]. This process called
‘dechromification' is quite important.
2.4.1.3 Chromium in the atmosphere
Chromium in the atmosphere mostly originates from anthropogenic sources which
account for 60 -70 % of its total abundance. It also originates from natural sources
which account for the remaining 30-40 %. The main human activities involving Cr
include metallurgical industries, refractory brick production, electroplating, combustion
of fuels and production of Cr chemicals, mainly chromates and dichromates, pigments,
Cr trioxide and Cr salts. The other potential sources of atmospheric Cr are of less
importance such as the cement industry, production of phosphoric acid in a thermal
process and combustion of refuse and sludge [183]. The main natural sources are
volcanic eruptions and erosion of soils and rocks. Other less important natural sources
of Cr include airborne sea salt particles and smoke from forest wildfires (Figure 2.3) [49
and 184].
The concentrations of Cr (5 - 13 pg L−1) are observed as the lowest over the South Pole.
Average atmospheric concentrations of this metal are higher. The range of Cr is
observed from 1 ng L−1 in rural to 10 ng L−1 in polluted urban areas [183]. The amount
of Cr is dependent on the intensity of industrial processes, proximity to the sources, the
amount of Cr released and meteorological factors.
2.4.2 Guidelines and regulation of chromium
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The Safe Drinking Water Act requires EPA to determine the level of contaminants in
drinking water at which no adverse health effects are likely to occur. These non-
enforceable health goals, based on possible health risks from exposure over a lifetime
Table 2.2 Estimates of United States Atmospheric Chromium Emissions from
Anthropogenic Sources [178 and 179].
Source Category Estimated Chromium Estimated
number of emissions hexavalent
sources (metric chromium
Tons/year) (%)
Combustion of coal and oil Many 1,723 0.2
Chromium chemical manufacturing 2 18 67
Chemical manufacturing cooling towers 2,019 43 100
Petroleum refining cooling towers 475 32 100
Specialty/steel production 18 103 2.2
Primary metal cooling towers 224 8 100
Chrome plating 4,000 700 ~100
Comfort cooling towers 38,000 7.2-206 100
Textile manufacturing cooling towers 51 0.1 100
Refractory production 10 24 1.3
Ferrochromium production 2 16 5.4
Sewage sludge incineration 133 13 < 0.1
Tobacco cooling towers 16 0.2 100
Utility industry cooling towers 6 1.0 100
Chrome ore refining 6 4.8 < 0.1
Tire and rubber cooling towers 40 0.2 100
Glass manufacturing cooling towers 3 0.01 100
Cement production 145 3 0.2
Municipal refuse incineration 95 2,5 0.3
Note: 1 metric ton = 1000 kg
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are called maximum contaminant level goals (MCLG). The MCLG for total Cr is 0.1
mg L−1 or 100 ppb. EPA has set this level of protection based on the best available
science at the time the rule was promulgated and the standard is based on potential
adverse dermatological effects over many years, such as allergic dermatitis (skin
reactions). EPA has set an enforceable regulation for total Cr, called a maximum
contaminant level (MCL), at 0.1 mg L−1 or 100 ppb [185]. MCLs are set as close to the
health goals as possible, considering cost, benefits and the ability of public water
systems to detect and remove contaminants using suitable treatment technologies. EPA
regularly re-evaluates drinking water standards and, based on new science on Cr(VI),
began a rigorous and comprehensive review of its health effects in 2008 [186]. In
Nigeria all water sources intended for human consumption shall comply with Nigerian
Standards for Drinking Water Quality for Cr at 0.05 mg L−1 [48].
2.4.3 Health effects of chromium
Chromium is released to the environment from natural and anthropogenic sources, with
the largest releases occurring from industrial sources. The general population may be
exposed to Cr by inhaling ambient air, and ingesting food and drinking water containing
Cr. Dermal exposure to Cr can occur from skin contact with certain consumer products
or soils that contain Cr. Although Cr is an essential element for humans, the Cr(VI) is
toxic, mutagenic, teratogenic and carcinogenic [187]. As such, the widespread presence
of Cr in the environment poses a serious threat to human and animal welfare. The
toxicity of Cr, however, is a function of oxidation state. Cr(VI), which typically exists
as the oxyanion chromate (CrO4
2−), has a high solubility in soils and groundwater and,
as a consequence, tends to be mobile in the environment. In contrast, the reduced form
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of Cr, Cr(III), has a limited hydroxide solubility and forms strong complexes with soil
minerals [188]. While Cr(III) is relatively innocuous and immobile, Cr(VI) is actively
transported into cells by the sulphate transport system where it is capable of causing
damage to DNA as well as indirectly generating oxygen radicals. It penetrates
biological membranes and reacts with cell contents, proteins or nucleic acids, while
being reduced to Cr(III) [188].
Health effects of Cr are categorised as carcinogenic (causing cancer) and non
carcinogenic, including the following three different exposure durations that result in
adverse health effects: Acute (14 days or less), intermediate (15 to 364 days) and
Chronic (365 days or more). The most common health problem in workers exposed to
Cr involves the respiratory tract, including irritation of the lining of the nose, runny
nose, and breathing problems (asthma, cough, shortness of breath, wheezing). Workers
have also developed allergies to Cr compounds, which can cause breathing difficulties
and skin rashes. Other health problems that are caused by Cr(VI) are: upset stomachs
and ulcers, weakening immune systems, kidney and liver damage, alteration of genetic
material, lung cancer and even death [189].
2.4.4 Speciation of chromium in waters
Chromium can occur in natural waters in a variety of chemical forms, namely as
dissolved free aquo-ions, as dissolved complexes with inorganic (mainly hydroxide,
sulphate, chloride) and organic ligands (humic and fulvic acids, specific chelators being
secretions of organisms and synthetic ligands: NTA, EDTA) and also as particulate (or
colloidal) phases or adsorbed on particulate (or colloidal) phases [190]. According to
thermodynamic calculations, inorganic Cr may exist in aqueous solution as hydroxo
species, including Cr+ , Cr(OH)+ , Cr(OH)2+ , Cr(OH)3 , Cr(OH)4
− , Cr2(OH)2
4+ ,
Cr3(OH)4
5+, and a mixed ligand complex, such as Cr OH Cl+, Cr(OH)(SO4)+. Free aqua
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cations, hydroxo anions, polynuclear cationic species and chloro and sulphato
complexes are ignored because their contribution under typical pH conditions in surface
waters is insignificant. Cr(OH)2
+ predominate at pH 5, whereas Cr(OH)3 prevails at pH
8. In the absence of complexing agents, Cr(III) was reported to exist as hexa-
aquachromium (III) and its hydrolysis products [163].
     Cr(H2O)6
3+  +  H2O                      Cr(OH)(H2O)5
2+  +  H3O
+                               (2.39)
    Cr(OH)3(s)  +  2H2O                    Cr(OH)4
-  +  H3O
+                                              (2.40)
    Cr(OH)2(H2O)4
+  +  H2O                    Cr(OH)3 aq  +  H3O
+                               (2.41)
Cr(H2O)॑
3+ is a moderately strong acid (pK ~ 4) (Equation 2.39) and its deprotonated
forms formulated shortly as Cr(OH)2+ , Cr(OH)2
+ and Cr(OH)3 are dominating
successively within pH 4 - 10. Trihydroxochromium is sparingly soluble within a pH
range of 5.5 - 12 (minimum between pH 6.5 and 11.5) [166], and overlaps considerably
the pH range of natural waters (Figure 2.4). Dominant forms of Cr(III) are the hydroxo
complexes, Cr(OH)2
+ and Cr(OH)3 in the environment. The Cr(III) oxidation state is the
most stable (Figure 2.3) and energy would be required to convert it to lower or higher
states. The negative standard potential (Eo) of the Cr(III)/Cr(II) metal ion couple
signifies that Cr(II) is readily oxidised to Cr(III), and Cr(II) species are stable only in
the absence of any oxidant (Figure 2.4) [49]. The reduction potential of Cr(II) is -0.91 V
and that of Cr(III) is -0.74 V [43]. Cr(OH)3 shows amphoteric behaviour. At higher pH,
it is transformed into the soluble tetrahydroxo complex, Cr(OH)4
− [pKa = 15.4 or 18.3].
At more concentrated Cr(III) solutions (> 1 −1 M) the polynuclear hydrolytic products,
Cr2(OH)2
4+, Cr3(OH)4
5+, Cr4(OH)॑
॑+, could also be expected [190].
Cr(VI) can form several species, such as CrO4
2− , HCrO4
− or Cr2O7
2− , depending on both
pH of the medium and total Cr(VI) concentration. H2CrO4 is a strong acid [158]. At pH
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> 1 deprotonated forms of Cr(VI) acid is seen (Equations. 2.42 - 2.44). Above pH 7
only CrO4
2− ions exist in solution throughout the concentration range. In the pH range 1 -
6, HCrO4
− is predominant (Figure 2.4) [49, 166 and 191].
    H2CrO4                    HCrO4
-  +  H+                                                                   (2.42)
    HCrO4
-                      H+ +   CrO4
2-                                                                         (2.43)
    2HCrO4
-                     Cr2O7
2-   +  H2O
                                                   (2.44)
C
r(VI) compounds are quite soluble, and thus, mobile in the environment. However,
Cr(VI) oxyanions are readily reduced to trivalent forms by electron donors such as
organic matter or reduced inorganic species, which are ubiquitous in soil, water and
atmospheric systems [192].
Also, in acidic solution, Cr(VI) demonstrates a very high positive redox potential (E
o
within 1.33 and 1.38 V, Figure 2.4) [49, 193 and 194] which makes it strongly oxidising
and unstable in the presence of electron donors. As the HCrO4
− reduction is accompanied
by the H+ consumption (Equation 2.45), decrease in acidity decreases the formal
potential (Figure 2.4). The reduction potential of hydrogen chromate ion to Cr(III) is
1.35 V in acidic medium (strong oxidiser). In more basic solution the reduction of
CrO4
2− (Equation 2.46), generates OH− against a gradient [194]. The reduction potential
of chromate to Cr(III) hydroxide is -0.13 V in basic medium.
   HCrO4
-   +   7H+   +   3e-    Cr3+   +   4H2O                 (2.45)
     CrO4
2-   +   4H2O   +   3e
-           Cr(OH)3   +   5OH
-          (2.46)
Thermodynamic calculations have also shown that Cr exists almost exclusively as
hexavalent in oxygenated sea water at pH = 8 [195]. These theoretical predictions are,
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however, contradicted by analytical studies as reported by Antonio, et al, [192], that
have revealed the further existence of Cr(III), obviously as Cr(OH)2
+, and as organically
bound forms and colloidally sorbed species. The kinetic inertness of Cr(III) complexes
appears to stabilize the Cr(III) fraction, which increases with the content of organic
substances and in anoxic zones. In comparison to oceans, river waters tend to have
lower dissolved solids, and higher particulate loads, higher biological activity and very
transient transport and can be influenced more readily by inputs from industrial and
municipal sources. As a result, at lower pH 5 - 7 and in the presence of readily reducible
organic substances, Cr(III) species are predominant forms of Cr in surface waters.
Investigation results presenting a different distribution of Cr species in lake waters have
been reported [192].
2.4.5 Redox chemistry of chromium
The distribution between Cr(III) and Cr(VI) in the environment, including aquatic
environments such as groundwater, is regulated by redox reactions and redox conditions
[196]. To understand the distribution of Cr(III) and Cr(VI), E-pH diagrams for Cr in
aqueous environments are usually employed (Figure 2.4). The redox transformation of
Cr(III) to Cr(VI), the oxidation of Cr(III), or the reduction of Cr(VI) to Cr(III), requires
another redox couple (of oxidising/reducing agent) which accepts or gives the necessary
electrons. In natural aquatic environments, some of the significant redox couples
(reducing agents/oxidation agents) are [197]: H2O/O2(aq), Mn(II)/Mn(IV), Fe(II)/Fe(III),
S2−/SO4
2− etc.
In the case where O2 is the oxidising agent, oxidation of Cr requires donation of
electrons to oxygen, while reduction of oxygen requires the accepting of electrons from
Cr. For a given Cr compound, the redox reactions involving other chemical agents (i.e.,
oxidising and reducing agents) are governed by the agents’ capacity for donating or
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accepting electrons. Several oxidation and reduction reactions of Cr with common
environmental agents have been reported [195].
The concentration of these oxidising and reducing agents affect the oxidation-reduction
of Cr. According to Satish and Amit, [195] and Rai, et al, [196], many oxidising agents
are known to oxidise Cr(III) to Cr(VI), but only a few of them are found in the
environment (i.e., groundwater) in sufficient concentration to do so. For example ozone,
O3, can theoretically oxidise Cr(III) to chromate, but the concentration of ozone in the
environment is usually insufficient to accomplish this oxidation. However, the reduction
of Cr(VI) by Fe(II), even though less favoured thermodynamically (a reaction with E =
0.56 V) is feasible because iron concentrations are generally sufficient in the
environment [196].
At lower pHs, chromates exist as chromic acid ( H2CrO4 ) and hydrogen chromate
( HCrO4
− ). When the concentration of CrO4
2− is high, chromates are transformed to
dichromate (H2Cr2O7 or HCr2O7
− ), which are strong oxidising agents and are thus
rapidly reduced in the presence of reducing agents at low pH or high E. At high pH,
chromates exist in the form of CrO4
2− , which is a poor oxidising agent and hence, with
lower E values, are more stable. Cr(VI) can be transported great distances in
groundwater due in part to its high solubility, whence it may be transformed by
reduction to, and precipitated as, Cr(III) if the transported Cr(VI) enters an area with
relatively low E. Cr(VI) can be reduced readily to Cr(III) in the presence of organic
matter, especially where pH is low Cr(VI) can also be reduced by Fe(II) and dissolved
sulphides [197].
Chromium(III) generally is not transported great distances by groundwater because of
its low solubility. However, Cr(III) can be transformed to the more soluble Cr(VI) if the
redox conditions along the transport pathway change from reducing to oxidising. Under
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natural conditions, Cr(III) has been reported to be oxidised to Cr(VI) by Mn [197]. In
the laboratory, Cr(III) can exist as highly soluble organic complexes, particularly under
low pH conditions. Therefore, if Cr(III) is in a complexed form, it could be present at
much higher concentrations in groundwater than if it is uncomplexed. However, the
existence of Cr(III) complexes has not been documented under field conditions.
2.4.6 Oxidation of chromium(III) to chromium(VI)
There are several sources of oxygen for the oxidation of Cr. In the environment, water is
the most important source; MnO2 , O3 , H2O2 and PbO2 are other notable sources of
oxygen [195]. Oxidation of Cr involving these sources requires the presence of water,
thus water chemistry is important to the understanding of Cr oxidation. Generally, high
values of E in water correspond to strongly oxidising conditions [190]. Also, near the
surface of water where there is high oxygen concentration, the E is high and the
environment is oxidising in nature, while at the base (near bottom) where there is low
oxygen concentration, the E is low and the environment is reducing [198]. Thus, near
the surface, these molecules could oxidise Cr(III) to Cr(VI); MnO2 /Mn
2+ E = 1.208 V,
O3/O2 E = 1.24 V, O2/H2O E = 1.229 V etc.
3MnO2 + 2Cr
3+ + H2O → 3Mn
2+ + Cr2O7
2− + 2H+ (2.47)
2Cr3+ + 3O3 + 4H2O → Cr2O7
2− + 3O2 + 8H
+ (2.48)
4Cr3+ + 3O2 + 8H2O → 2Cr2O7
2− + 1॑H+ (2.49)
Certain agents also theoretically oxidise Cr(III) to Cr(VI) in an aqueous environment,
examples [176], PbO2/Pb
2+ E = 1.46 V, H2O2/H2O E = 1.776 V etc.
2Cr3+ + 3PbO2 + H2O → Cr2O7
2− + 3Pb2+ + 2H+ (2.50)
2Cr3+ + 3H2O2 + H2O → Cr2O7
2− + 8H+ (2.51)
2.4.7 Reduction of chromium(VI) to chromium(III)
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Chromium(VI) is a strong oxidant and therefore can be reduced in the presence of
electron donors. The most common forms of Cr dissolved in natural waters, within the
environments’ normal range of pH, are CrO4
2− , HCrO4
− and Cr2O7
2− ions [190], which
form many of the Cr(VI) compounds that can be quite readily reduced to Cr(III) forms
in the presence of electron donors like organic matter and inorganic compounds in their
reduced state, many of which are quite common in soil, water, and the atmosphere [192].
The major factors in this reduction to Cr(III) are dissolved Fe(II), minerals with Fe(II),
sulphides (reduced sulphur), and organic matter [190 and 199]. According to Fendorf
and Li, [199] and Wielinga, et al, [200], studies of reaction kinetics indicated that Fe(II)
and dissolved sulphides will probably dominate the reduction of chromate. It has been
reported that, photoreduction is another pathway to reduce Cr(VI) in the environment
[160 and 201], but this mechanism is probably only important in the atmosphere or in
upper surface waters.
Chromium(VI) can be reduced by biological (biotic) and chemical (abiotic) processes. It
is difficult to determine which processes are responsible for the reduction of metal
contaminants. However, it is probable that the reaction rates will determine the
reduction process and its specific pathway. By comparing reduction rates involving
Fe(II) and sulphides with those reported for direct microbial reduction, the chemical
reduction of chromate by Fe(II) is more than 100 times faster than the observed
biological reduction rate, thus chemical reduction of Cr(VI) will probably be the main
process for chromate reduction when either ferrous iron or sulphide are present, and
these are present in the environment under anaerobic conditions [201]. Yet, both aerobic
and anaerobic reduction by microbes has been reported, the latter being more common.
The specific mechanisms for Cr(VI) reduction by these microbes is not well known, but
the chromate may actually be used as an electron acceptor for cell metabolism [199].
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The major factors in the reduction of Cr(VI) to Cr(III), namely dissolved Fe(II),
minerals with Fe(II), sulphides (reduced sulphur), and organic matter, have been
reported [199, 200 and 202].
2.4.7.1 Chromium(VI) reduction by iron(II) (dissolved iron(II) and iron(II)-
containing minerals)
Iron, Fe(II) is a major factor in the reduction of Cr(VI) to Cr(III) [203]. Experimental
results from column tests were reported to be consistent with other published
observations that found Cr(VI) to be reduced to Cr(III) by Fe(II) [197]. Dissolved Fe(II)
ions in environmental waters can be generated by the discharges of some industrial
wastes, but also can result from the weathering of Fe(II)-containing minerals. There are
numerous minerals in geologic materials that contain Fe(II) for Cr(VI) reduction,
including silicates, oxides, or sulphides [197].
Chromium(VI) reduction via Fe(II) in silicate minerals (e.g., biotite in solution rather
than at the mineral surface) has been reported [203]. This has been described as a rather
complex process [197]. The presence of Fe(III) increases the reduction rate, and the
Fe(III) is reduced at the mineral surface. The Fe in the crystal structure is oxidised, K+
is released into solution, and Cr(VI) in solution is then reduced by the Fe(II). The Fe(III)
resulting from this reduction reaction is then sorbed to the surface of the biotite where it
is again reduced to Fe(II).
Chromium(VI) reduction in the presence of iron oxides has been reported in several
experiments [197]. According to Blowes, et al [204], in the case of hematite, the
reduction is found to occur in solution after the FeO component has dissolved. The
reduction of Cr(VI) via Fe(II) in pyrite could be used for treating spent cooling waters
that contain Cr(VI) as a corrosion inhibitor, because reduction of Cr(VI) occurs at the
pyrite surface rather than in solution. This reduction was reported as occurring even in
slightly alkaline solutions; however, the pyrite had to be continuously abraded to
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remove surface coatings. Batch testing involving pyrite both in the presence and in the
absence of calcite showed faster removal of Cr(VI) with no calcite [204]. Also, Fe(II)-
Fe(III) hydroxyl salt, green rusts can reduce Cr(VI); ferrihydrite is the Cr(III)-bearing
solid phase that is formed from this reduction [201].
Under neutral to alkaline pH conditions, Fe(II) controls the reduction of Cr(VI) in
natural anaerobic systems [205], while at acidic pH levels, other reductants may be
more efficient than Fe(II). The involvement of Fe(II) in Cr(VI) reduction, where the
Fe(II) (as FeO) comes from hematite or biotite, have been reported as follows [166]:
[3FeO] + ॑H+ + Cr॑+ → Cr3+ + 3Fe3+ + 3H2O (2廈52)
This can be a relatively rapid reaction from the standpoint of environmental situations;
laboratory studies reported this reaction being completed in less than 5 min [206]. In
acidic waters, the end products of this reaction are Fe(III) and Cr(III) [192], whereas
under neutral to alkaline conditions, Cr(OH)3 is probably the end product because of the
very low solubility of Fe(OH)3 [206]. In ground waters of pH more than 4, Cr(III)
precipitates with the Fe(III) in a solid solution with the general composition
CrxFe1−x(OH)3.
It has been reported that, the Cr(VI) reduction via Fe(II) (or sulphide) depends on
microbial activity [200]. A diverse and widely distributed group of bacteria are able to
couple the oxidation of organic compounds or H2 to the reduction of Fe (hydroxides).
Thus, in many environments where Fe reduction is the predominant terminal electric
accepting process (TEAP) in microbial respiration, the indirect reduction of Cr(VI) via
reaction with a respiratory by-product is likely a dominant reductive pathway as shown
below [200]:
3C3H5O3
− + 12Fe OH 3 → 3C2H3O2
− + 12Fe2+ + 3HCO3
− + 8H2O + 21OH
−(2廈53)
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3Fe3+ + HCrO4
− + 8H2O → 3Fe(OH)3 + Cr(OH)3 + 5H
+ (2廈54)
This reduction of Cr(VI) is via a coupled, two-step, biotic-abiotic reaction pathway in
which Fe(II) produced during iron respiration catalyzes the reduction of Cr(VI). Thus,
attenuation of Cr(VI) in saturated, subsurface environments may be in large part
attributable to Fe reduction. In addition, the capacity for soils to reduce and immobilize
Cr(VI) could be dramatically underestimated if this biotic-abiotic process is not
considered. It can be emphasised that the implications of these reactions is important—
the primary terminal electron acceptor is continually regenerated [200]. Fe(II) produced
in the first reaction listed (Equation 2.53) is cycled back to Fe(III) in the second reaction
(Equation 2.54) thereby acting as an electron shuttle (a catalytic role) between the
bacteria and Cr. Thus, a significant amount of Cr(VI) could potentially be reduced even
with little available Fe. With the rapid cycling of Fe(II) back to Fe(III), evidence such as
high pore water Fe(II) concentrations in pore water could be hidden.
2.4.7.2 Chromium(VI) reduction by sulphides
Sulphides can be a major factor in the reduction of Cr(VI) to Cr(III). Although most
sulphides are not soluble, some dissolved sulphides can be present in the environment
due to processes including the discharge of industrial wastes, the decomposition of OM,
and sulphate reduction (a common process in the biodegradation of chlorinated solvent
chemicals). Reports on Cr(VI) reduction by sulphide have shown the stoichiometry for
the reaction in aqueous phase as [207 - 209]:
2CrO4
2− + 3HS− + 7H+ → 2Cr OH 3(s) + 3S(s) + 2H2O (2廈55)
under anoxic conditions. The presence of minerals as in the study is not expected to
change the stoichiometry, but only the kinetics. Based on their effects on Cr(VI)
reduction, these minerals have been categorised into three groups:
(i) minerals catalyzing Cr(VI) reduction, example; illite,
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(ii) minerals with no effect, example; Al2O3 and
(iii) minerals inhibiting Cr(VI) reduction, examples; kaolinite, montmorillonite,
SiO2 and TiO2 [210].
2.4.7.3 Chromium(VI) reduction by organic matter
Organic matter is an important reductant in soils. Much of the organic carbon, OM, in
soil is present as humic and fulvic acids. OM, important in the reduction of Cr(VI), is
also present as simple amino acids [197]. The reduction of Cr(VI) by soil humic and
fulvic acids has been reported [199]. This reduction, with an intermediate Cr(V) species,
is favoured by acidic conditions [192, 211 and 212]. The rate of reduction of Cr(VI)
decreases with increasing pH, increases with the increasing initial Cr(VI) concentration,
and increases as the concentration of soil humic substance increases. At a very low pH,
laboratory studies indicate that the half-life for Cr(VI) reduction with humic acids is
approximately three days, whereas several days are required within the pH range of
4 - 7.
According to Chen, et al 2016, the effect of Fe(III) on Cr(VI) reduction by organic
reducing substances in sugarcane molasses has been investigated under different
conditions {i.e., Fe(III) concentration, pH, and temperature} using batch experiments.
Results indicated that Fe(III) can accelerate Cr(VI) reduction by sugarcane molasses
over a wide pH range. The catalytic mechanism of the reaction involved the formation
of organic reducing substance complexes with both Fe(III) and Cr(VI) that decrease the
reaction activation energy of Cr(VI) reduction and accelerate electron transfer between
Cr(VI) and organic reducing substances. The reaction could be described by a pseudo-
first-order kinetic model with respect to Cr(VI) concentration. Increasing the Fe(III)
concentration could promote Cr(VI) reduction. At pH 2.5, 3.0, 3.5, 4.0, 5.6, and 8.0, the
initial reaction rates (vinitial) increased by 0.68, 0.84, 1.38, 1.39, 0.89, and 0.29 times,
respectively, in the presence of Fe(III) compared with those obtained without Fe(III).
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The vinitial increased by 0.87 times in the presence of Fe(III) compared with that without
Fe(III) at 10 °C (pH 2.5) [213]
2.4.7.4 Chromium(VI) reduction by Copper(I)
Reduced copper, Cu(I) may also play a role in the reduction of Cr(VI) to Cr(III) [202],
especially in atmospheric and surface waters with low pH and low ionic strength. The
reduction of Cr(VI) with Cu(I) has been produced in the laboratory by radiolysis
experiments in dilute solutions in the presence of Cr(II).
2.4.7.5 Chromium(VI) reduction by hydrogen peroxide
The role of H2O2 in the reduction of Cr(VI) has been reported [202], it was seen as an
oxidant of Cr(III) at pH > 7.5, a reductant at lower pH, and its strength as a reductant
being greatly increased at low pH. In acid wastes receiving freshwater, and in
atmospheric aqueous media with pH ranging from about 1 - 5, the reduction of Cr(VI)
with H2O2 is thermodynamically possible, and has been used in treatment processes for
removing Cr(VI) from wastewaters [211]. In the latter, the reduction of Cr(VI) with
H2O2 includes a preliminary conversion of Cr(VI) to Cr(III) and its subsequent
precipitation.
2.4.8 Chromium sorption chemistry
Sorption is important in the transport and fate of Cr. Compared with redox and
precipitation reactions, sorption reactions are highly influenced by the complex
environmental conditions inherent in the subsurface. Therefore, general assumptions
about sorption cannot be made. Such variables as pH, surface area, density of active
sites, among others, influence sorption equilibrium [195]. Sorption studies also are used
to evaluate the effect that changing a soil solution parameter, (e.g., adjustment of pH,
ionic strength, addition of competing cations, or addition of inorganic or organic ligands)
has on the retention of a constituent by the aquifer matrix.
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Adsorption occurs because dissolved ionic species are attracted to mineral surfaces that
have a net electrical charge due to imperfections or substitutions in the crystal lattice or
chemical dissociation reactions at the particle surface. This electrical charge varies with
pH. The importance of sorption to the transport and fate of constituents in groundwater
is that it retards the advance of the contaminant with respect to the groundwater velocity,
and can also reduce the contaminant concentration.
Sorption processes for Cr can also be used in treatment strategies. However, Cr(III) is
the primary form of Cr that is retained by sorption. The kinetics of Cr(III) sorption is
rapid in clays, sands, and soil containing Fe and manganese oxides. Cr(III) behaves like
a positively charged ion when adsorbing onto surfaces. As pH increases, surfaces are
deprotonated, increasing the attraction between Cr(III) and the surface. Sorption is
therefore enhanced as pH increases. If soil has a high organic content, sorption is also
enhanced, as more sites are present for sorption to occur.
Although Cr(VI) is usually mobile in groundwater, under some conditions Cr(VI) can
sorb. However, Cr(VI) behaves like an anion (such as CrO4
2− and HCrO4
− ), so sorption
of Cr(VI) decreases with increasing pH. At low pH values, surfaces will be neutral or
positively charged, leading to charge attraction. In addition, the ratio of HCrO4
− to
CrO4
2− is a function of pH. The relationship between pH and percent sorption of Cr(III)
and Cr(VI) on Fe2O3 surfaces have been reported [196]. However, sorption of Cr(VI)
becomes less important as the concentration of competing anions sorbed to solid
surfaces increased. In groundwater, therefore, adsorption of Cr(VI) is usually negligible.
Sorption processes are used indirectly to remediate Cr(VI); Cr(VI) is reduced to Cr(III),
which can precipitate or adsorb to soil. The effectiveness of this strategy depends on the
sorption characteristics of the soil, including the clay content, iron oxide, and
aluminium oxide content, and the amount of OM present [214 and 215].
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According to Babel and Kumiawan, [216] and Barros, et al, [217], several commercial
activated carbons have been used as received and also after chemical modifications for
Cr(VI) adsorption. Many reports have appeared on the development of low-cost
activated carbon from renewable resources and also how to decontaminate water in an
environmentally friendly manner. Agricultural and industrial waste materials have been
utilised as activated carbon precursors, by a large number of researchers for the removal
of Cr. Feedstocks such as sawdust [218], nut shells [219], cactus, olive stone/cake,
wood charcoal, oil palm fibre [220], fruit gum dust [221], wheat bran [222], and sugar
beet pulp [223] have all been reported in the literature. The removal of Cr(III), by olive
stone [224] and commercial active carbons was also reported [225]. Some basic
information about the adsorptive properties of activated carbon prepared from olive
stone has been reported [226]. The results made clear that olive stones, a very abundant
agricultural by-product in Mediterranean countries, could be a very adequate feedstock
to obtain active carbons with good adsorptive properties and hardness, which could be
of interest in future environmental protection programmes [219].
The activated carbon produced from olive stones has been chemically activated using
sulphuric acid, (OS-S), and utilised as an adsorbent for the removal of Cr(VI) from
aqueous solution in the concentration range 4 - 50 mg L−1 . Adsorption experiments
were carried out in a batch process and various experimental parameters such as effect
of contact time, initial Cr ion concentration, carbon dosage, and pH on percentage
removal have been reported [219]. Adsorption results obtained for activated carbon
(OS-S) were compared with the acid-treated commercial activated carbon (CAC-S). The
optimum efficiency shows that the Cr(VI) uptake being attained at pH 1.5. It was
concluded that activated carbon produced from olive stones (OS-S) has an efficient
adsorption capacity compared to (CAC-S) sample [219].
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According to Veena, et al, [227], activated carbon prepared from coconut shell by
pyrolysis have been studied. The effect of various parameters such as adsorbent dosage,
particle size, pH, contact time and stirring speed was examined. The studies showed that
the activated carbon can be used as a good adsorbent for the removal of Cr(VI) from
electroplating industries. The results indicated that the adsorption capacity depends
upon the pore size, surface area and temperature of activation of the activated carbon.
At pH 3, the adsorption was found to be maximum.
Adsorption of Cr(VI) from aqueous solutions using activated carbon prepared from
bamboo (Oxytenanthera abyssinica) waste, (BWAC) by KOH activation heating in an
electrical furnace have been reported [228]. Batch adsorption experiments were also
carried out as a function of pH, contact time, initial concentration of the adsorbate,
adsorbent dosage, and temperature of the solution. Kinetic studies of the data showed
that the adsorption follows the pseudo-second-order kinetic model. Thermodynamic
parameters showed that adsorption on the surface of BWAC was feasible, spontaneous
in nature, and exothermic between temperatures of 298 and 318 K. IR spectra for loaded
and unloaded BWAC were obtained using FT-IR spectrophotometer. Adsorption
efficiency and capacity of Cr(VI) were found to be 98.28 % at pH 2 and 59.23 mg g−1
at 300 K [228].
The search for alternative adsorbents has intensified in recent years. One of such is
chitosan. Chitosan is prepared from chitin by deacetylating its acetamido groups to
different degrees. Chitosan has both hydroxyl and amine groups that can be chemically
modified [229 - 231] by reactions such as cross-linking, grafting, alkylating,
esterification, etc. Chemical modifications can offer a wide spectrum of tools to
enhance the sorption properties of chitosan for Cr. They may increase the chemical
stability of the sorbent in acid media and, especially, decrease the solubility in most
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mineral and organic acids. They also increase its resistance to biochemical and
microbiological degradation. The use of chitosan and its derivatives as adsorbents for
metal ions [232], and as flocculants [233] have been reported. A new type of grafting
chitosan (CTS) has been synthesised using 2-hydroxyethyl-trimethyl ammonium
chloride (HGCTS), and its adsorption of Cr(VI) has been reported. The effect factors on
adsorption and the adsorption mechanism are in literature. The results indicated that the
HGCTS could concentrate and separate Cr(VI) at pH 4.0; the adsorption equilibrium
time was 80 min; the maximum adsorption capacity was 205 mg g−1 . A novel method
for speciation of Cr(VI) and Cr(III) in environmental water samples has been developed
using HGCTS as adsorbent. The detection limit of this method was 20 μg L−1 [234].
Microsilica, a by-product of the production of silicon metal or ferrosilicon alloys with a
particle size ranging from 100 - 500 nm has also been reported as adsorbent [235]. The
dominant constituent of Microsilica is amorphous silicon dioxide. This was utilised
firstly to prepare a carbon-microsilica composite adsorbent from a partial carbonisation,
mixture and sulphoxidation process and was proposed for the removal of Cr(VI) from
solutions. The surface chemistry characteristics of the prepared adsorbent were analysed.
The characterisation results indicated that an abundant of oxygen functional groups,
such as hydroxyl, carboxyl and sulphonic groups, were introduced into the surface of
the prepared composite adsorbent. Meanwhile, the adsorption characteristics of Cr(VI)
onto the adsorbent in aqueous solutions was studied as a function of solution pH, ionic
strength, contact time, and temperature. The results showed that Cr(VI) adsorption onto
the adsorbent is strongly dependent on pH and, to a lesser extent, ionic strength [235].
An interesting replacement of activated carbon (AC) can be the biochar (BC). BC is a
special type of charcoal produced by the thermal decomposition of biomass under
relatively low temperature (< 700 °C) and limited oxygen conditions [236]. Due to the
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specific surface area and high sorption capacity in regard to heavy metals ions, the
biochar could be used as an effective adsorbent of these contaminants [237 and 238].
The presence of many functional groups on the biochar surface e.g., carboxylic, alcohol,
and hydroxyl, makes an opportunity to form complexes between these groups and heavy
metal ions [239]. The potential of two biochars produced by the thermal decomposition
of wheat straw (BCS) and wicker (BCW) for Cr(VI) ions removal from wastewater has
been reportted. The pH and the presence of chlorides and nitrates were also reported.
The optimal adsorption capacities were obtained at pH 2 and were 24.6 and 23.6 mg g−1
for BCS and BCW, respectively. X-ray photoelectron spectroscopy (XPS) studies
confirmed that Cr(III) ions were the most abundant Cr species on the biochars’ surface.
The results indicated that the sorption mechanism of Cr(VI) on biochar involves anionic
and cationic adsorption combined with Cr(VI) species reduction [240].
Biosorption of heavy metals by microbial cells has also been studied extensively as an
alternative technology for the treatment of wastewaters [241]. Biosorption is generally
defined as the accumulation of metals by biological materials without active uptake and
can be considered as a collective term for a number of passive accumulation processes
which may include ion exchange, coordination, complexation, chelation, adsorption and
micro-precipitation [242]. The applicability of bacteria as biosorbents has some
advantages due to their small size, their ubiquity, their ability to grow under controlled
conditions and their resilience to a wide range of environmental situations [243].
According to Asatiani, et al, [244], numerous studies have demonstrated a reduction of
toxic Cr(VI) to non-toxic Cr(III) by various types of biomaterials, such as bacteria.
Arthrobacter species are of particular interest because of its high potential for
bioremediation. Bacteria can detoxify Cr wastewater, by either reduction or
accumulation inside the cells and/or adsorption of the ion on their surfaces.
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Arthrobacter viscosus biomass has been used for Cr(VI) biosorption. The effect of pH
on Cr(VI) reduction and removal from aqueous solution was studied in the range of 1 -
4. The Cr(VI) removal involves both redox reaction and adsorption of metal ions on
biomass surface. The removal rate of Cr(VI) was enhanced by very high acid conditions,
while higher solution pH values favoured the removal of total Cr. The best removal
efficiency and uptake were reached at pH 4, 72.5 % and 12.6 mgCr g−1 biomass
respectively [245].
2.4.9 Chromium precipitation chemistry
The most common and economical method for Cr(VI) removal involves reduction to its
Cr(III) state and subsequent precipitation with alkali [246]. The removal of Cr(VI) by
reduction with ferrous iron [Fe(II)] and subsequent precipitation, coprecipitation, or
coagulation with ferric iron [Fe(III)] has long been used in industrial Cr treatment
processes. The process takes advantage of Cr(VI)’s relatively strong properties as an
oxidant, Cr(III)’s relatively low solubility as Cr hydroxide at moderate pH, and the
ability of Fe hydroxides to coagulate Cr(III) precipitates. If the reaction occurs at a
moderate pH, Cr(OH)3 will precipitate and can be removed from solution [247].
Although, sulphides, hydroxides and carbonates often precipitate metal ions in solutions,
Cr is precipitated at lower oxidation state as hydroxides. Ca(OH)2 , NaOH and
combination of the two are used as precipitating agents to precipitate Cr(III) as
hydroxides. The precipitation reaction is carried out at high pH (> 8). Because Cr(VI) is
stable under oxidising conditions, whereas Cr(III) is stable under reducing conditions
[248].
The solubility of Cr(III) governs its migration. Precipitation/dissolution is a function of
pH, complexation by OM, and the presence of other ions. As pH increases, OH–
concentration increases and more Cr precipitates. Organics can complex with dissolved
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Cr, making removal by precipitation or adsorption difficult. Natural precipitation of
Cr(VI) is not a major removal mechanism. CaCrO4 was observed to precipitate
naturally during summer months at a hazardous waste site [192]. Based on laboratory
studies, BaCrO4 and Cr/Al coprecipitates were reported to occur at other sites [248 and
249]. Plating tank sludge at the first site contained PbCrO4, PbCrO4.H2O, and K2CrO4 .
However, the solids are highly soluble and are not considered good removal mechanism
for Cr(VI).
Investigations on the total removal of Cr from Cr(VI) aqueous solutions by reduction
with scrap Fe and subsequent precipitation of the resulted cations with NaOH has been
reported [250]. The process was detrimentally affected by a compactly passivation film
occurred at scrap Fe surface, mainly composed of Cr(III) and Fe(III). Maximum
removal efficiency of the Cr(total) and Fe(total) achieved in the clarifier under
circumneutral and alkaline (pH = 9.1) conditions was 98.5 % and 100 %, respectively.
The optimum precipitation pH range which resulted from this study is 7.6 - 8.0. Fe(total)
and Cr(total) were almost entirely removed in the clarifier as Fe(III) and Cr(III) species.
The results clearly indicated that Cr(VI) contaminated wastewater can be successfully
treated by combining reduction with scrap iron and chemical precipitation with NaOH
[250].
Recently, nucleated precipitation technology has been reported to treat plating
wastewater [251]. It was found that about one half of Cr(VI) was co-removed with
copper, nickel and zinc. Since Cr(VI) could not react with either hydroxide or carbonate
to form precipitates, this study was undertaken to evaluate the mechanism(s) involved in
the Cr co-removal. Batch tests were conducted with synthetic solutions containing
either only Cu or both Cu and Cr(VI) [251]. Metal precipitation was induced by adding
Na2CO3 to different pH, and the quantitative removal of Cu and Cr was determined.
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Besides, the [Cr]/[Cu] molar ratio of produced precipitates were also assessed to
determine their compositions. Experimental results reported, indicate that for pure Cu
solution, precipitation begins at pH 6, and completes at pH 7. On the other hand, in a bi-
metal solution of Cu plus Cr, precipitation of Cu begins at about pH 5, and Cu
precipitation is always accompanied by some Cr removal.
According to Sun and Huang, [251], from the removal stoichiometry of the two metals,
it is found that at low pH, the co-removal is a result of "co-precipitation" which results
in the formation of CuCrO4 crystallites. Once such crystallites are formed, they provide
a heterogeneous environment which enhances an early formation of copper carbonate at
a lower pH (< 5.5). It is further found that once copper carbonate precipitates are
produced, the remaining soluble will precipitate in such form, and at this stage further
removal of Cu is no longer accompanied by additional Cr removal. The test data also
reflected that the produced copper carbonates are positively charged, as verified by zeta
potential measurement, at pH < 7.5. Thus they are able to adsorb some anionic Cr
(existing as chromate) through electrostatic attraction and/or inorganic ligand exchange.
At pH of 6 - 10, the extent of adsorption decreases with increasing pH, and the
adsorption capacity seems to coincide with the progressive reduction of positive zeta
potentials of the precipitated particles.
2.5 Simultaneous redox reactions of chromium(VI) and arsenic(III)
Hexavalent chromium and trivalent arsenic are the most toxic forms of Cr and As
respectively, and reduction of Cr(VI) to Cr(III) and oxidation of As(III) to As(V) has
great environmental implications as they affect toxicity and mobility of these toxic
species [252]. Environmental redox processes play key roles in the formation and
dissolution of mineral phases. Redox cycling of naturally occurring trace elements and
their host minerals often control the release or sequestration of inorganic contaminants.
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Redox processes control the chemical speciation, bioavailability, toxicity, and mobility
of many major and trace elements including Fe, Mn, C, P, N, S, Cr, Cu, Co, As, Sb, Se,
Hg, Tc, and U. Redox-active humic substances and mineral surfaces can catalyze the
redox transformation and degradation of organic contaminants [253].
In a study by Xiaoling, et al, [12], to evaluate the impact of dissolved organic matter,
DOM from two biochars (sugar beet tailing and Brazilian pepper) on Cr(VI) reduction
and As(III) oxidation in both ice and aqueous phases with a soil DOM as control. It was
found that increasing DOM concentration from 3 - 300 mg C L−1 enhanced Cr(VI)
reduction from 20 - 100 % and As(III) oxidation from 6.2 - 25 %; however, Cr(VI)
reduction decreased from 80 - 86 % to negligible while As(III) oxidation increased from
negligible to 18 - 19 % with increasing pH from 2 - 10. Electron spin resonance study
suggested semiquinone radicals in DOM were involved in As(III) oxidation while
Fourier transform infrared analysis suggested that carboxylic groups in DOM
participated in both Cr(VI) reduction and As(III) oxidation. During Cr(VI) reduction,
part of DOM (≈ 10 %) was oxidised to CO2 . The enhanced conversion of Cr(VI) and
As(III) in the ice phase was due to the freeze concentration effect with elevated
concentrations of electron donors and electron acceptors in the grain boundary. Though
DOM enhanced both Cr(VI) reduction and As(III) oxidation, Cr(VI) reduction coupled
with As(III) oxidation occurred in absence of DOM. The role of DOM, Cr(VI) and/or
As(III) in Cr and As transformation may provide new insights into their speciation and
toxicity in cold regions [12].
Bacillus firmus, a bacterial strain TE7, resistant to Cr and As has been isolated from
tannery effluent. The strain exhibited ability to reduce Cr(VI) and oxidise As(III). It
reduced 100 mg L−1 Cr(VI) within 60 h in nutrient broth and oxidised 150 mg L−1
As(III) within 10 h in minimal medium. It was found to completely reduced 15 mg L−1
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Cr(VI) and oxidised 50 mg L−1 of As(III) simultaneously in a medium. This seem to be
the first bacterial strain showing simultaneous reduction of Cr(VI) and oxidation of
As(III) and is a potential candidate for bioremediation of environments contaminated
with these toxic metal species [252].
The simultaneous photocatalytic reduction of Cr(VI) and oxidation of citric acid in
aqueous solutions under ultraviolet (UV) illumination has been studied by determining
the amount of Cr(VI) removed at different irradiation times, the amount of photocatalyst,
the Cr(VI) and citric acid initial concentration, the pH and the Cr(VI)/citric acid ratio
[254]. Experimental reports showed that the photoreduction rate of Cr(VI) increased
with decreasing the pH values and with increasing initial citric acid concentration,
catalyst dosage. In contrary the photoreduction rate of Cr(VI) decreased with increasing
initial Cr(VI) concentration. Addition of ferric ion to Cr(VI)-citric acid complex
increased the reduction of Cr(VI). The relationship of the chemical reaction rate of
Cr(VI), Fe(III), citric acid, TiO2 dosage, initial pH and changes of initial Cr(VI)
concentration was reported by the pseudo-first-order kinetic equation [254].
Interestingly, the highly toxic Cr(VI) is a critical component in the Chromated Copper
Arsenate (CCA) formulations extensively employed as wood preservatives.
Remediation of CCA mixed waste and discarded treated wood products is a significant
challenge. UV/TiO2 photocatalysis has been demonstrated to effectively reduced Cr(VI)
to less toxic Cr(III) in the presence of arsenate, As(V), and copper, Cu(II). The rapid
conversion of Cr(VI) to Cr(III) during UV/TiO2 photocatalysis occurs over a range of
concentrations, solution pH and at different Cr : As : Cu ratios [255]. The reduction
follows pseudo-first order kinetics and increases with decreasing solution pH.
Saturation of the reaction solution with argon during UV/TiO2 photocatalysis had no
significant effect on the Cr(VI) reduction demonstrating that, the reduction of Cr(VI) is
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independent of dissolved oxygen. Reduction of Cu(II) and As(V) does not occur under
the photocatalytic conditions employed herein and the presence of these two in the
tertiary mixtures had a minimal effect on Cr(VI) reduction. The Cr(VI) reduction was
however, significantly enhanced by the addition of formic acid, which can act as a
whole scavenger and enhance the reduction processes initiated by the conduction band
electron. This results demonstrated that UV/ TiO2 photocatalysis effectively reduces
Cr(VI) in mixed waste streams under a variety of conditions [255].
But the co-abundance of As(III) and Cr(VI) in natural environments indicates their
negligible direct interaction. The addition of H2O2 enables and greatly accelerates the
simultaneous oxidation of As(III) and reduction of Cr(VI). These reactions are further
enhanced at acidic pH and higher concentrations of Cr(VI). However, the presence of
ligands (i.e., oxalate, citrate, pyrophosphate) greatly retards the oxidation of As(III),
even though it enhances the reduction of Cr(VI) [256]. These findings demonstrate the
feasibility for the co-conversion of As(III) and Cr(VI) in acid mine drainage, AMD and
real-world constraints to this strategy for environmental remediation [256].
2.6 Remediation technologies for chromium and arsenic contamination
In small quantities, certain heavy metals are nutritionally essential for a healthy life. The
heavy metals linked most often to human poisoning are lead, mercury, arsenic and
cadmium. Other heavy metals, including copper, zinc and chromium are actually
required by the body in small amounts, but can also be toxic in larger doses. They have
the ability of dissolving in wastewaters and when discharged into surface waters, they
can be concentrated and travel up the food chain. They can also seep into groundwater,
hence contaminating drinking water, thereby harming the consumers of that water [257].
The enactment of several water legislations and guidelines worldwide coupled with the
need for environmental sustainability has necessitated the need for several stringent
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regulations for drinking water supply and wastewater discharge. To achieve unpolluted
drinking water distribution and wastewater discharge, several technologies and
processes for heavy metal remediation are currently in use. Some of the major available
technologies for heavy metal remediation in water have been outlined. Currently, no
one of the existing technologies for heavy metal remediation (chemical remediation,
phytoremediation or microbial remediation) is without some form of merits and
demerits. There is therefore a proposed need for the utilisation of safe and economical
multiple/integrated approach for heavy metal remediation. The application of this may
offer enormous public health, environmental and cost benefits [257].
The common physicochemical treatment processes for metal remediation in water
include: Precipitation, ion exchange and reverse osmosis [257]. Phytoremediation is a
remediation process that entails the use of plants to partially or substantially remediate
selected substances in contaminated soil, sludge, sediment, groundwater, surface water
and wastewater. It is also referred to as green remediation, botanoremediation, agro-
remediation or vegetative remediation [258]. Depending on the type of contaminant and
underlying process, phytoremediation is broadly categorised into the following main
areas: phytodegradation/phytotransformation, phytoaccumulation/phytoextraction,
phytostimulation/rhizostimulation, phytovolatilisation, rhizofiltration and
phytostabilisation. The removal of metal contaminants from water through
phytoremediation occurs by any of three mechanisms: Phytoextraction, rhizofiltration
and phytostabilisation [259 and 260].
Microbial bioremediation is defined as the process by which microorganisms are
stimulated to rapidly degrade hazardous contaminants to environmentally safe levels in
soils, subsurface materials, water, sludge, and residues. Microbes deal with poisonous
chemicals by applying enzymes to convert one chemical into another form and taking
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energy or utilizable matter from this process. The chemical transformations generally
involve breaking of large molecules into several small molecules in simpler form. In
view of the interest in water and waste water treatment, the response of microorganisms
towards toxic heavy metals is of importance. In some cases the by-products of microbial
remediation are not only harmless but may prove useful [261].
2.7 Treatments of arsenic/chromium oxidation-reduction reactions
2.7.1 Rate of reactions
The rate of a chemical reaction is defined as the change of the concentration of one of
its components, either a reactant or product with time. The rate law or rate equation for
a chemical reaction is an equation which links the reaction rate with concentrations of
reactants. For an elementary reaction, such as,
mA + nB C (2.56)
the rate law is given as:
r =  [A]x[B]y (2.57)
where [A] and [B] express the concentrations of the species A and B respectively
usually in moles per liter (molarity, M): x and y are the respective stoichiometric
coefficients, of the slowest step of the reaction mechanism; they only equal the
stoichiometric coefficient “m” and “n” if the reaction takes place in a single step
without intermediates; k is the rate coefficient or rate constant of the reaction, whose
value depends on conditions such as temperature, ionic strength, and surface area of an
adsorbent or light irradiation [262 and 263].
For elementary reactions, the rate equation can be derived from first principles using
collision theory. The rate equation of a reaction with a multi-step mechanism cannot, in
general be deduced from the stoichiometric coefficients of the overall reaction; it must
be determined experimentally. The equation may involve fractional exponents, or it may
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depend on the concentration of an intermediate species [263]. The rate equation is a
differential equation, which can be integrated to obtain an integrated rate equation that
links concentrations of reactants or products with time. If the concentration of one of the
reactants remains constant because it is a catalyst or it is in great excess with respect to
the other reactants, its concentration can be grouped with the rate constant, to give a
pseudo constant. If B, for instance, is the reactant whose concentration is constant, then,
r =  [A]x[B]y =  '[A]x (2.58)
The  [B]y in the equation has been reduced to give a pseudo rate equation ( '[A]x) [262
and 263].
2.7.2 Zero-order reactions
Zero-order kinetics has a rate which is independent of the concentration of the
reactant(s). Increasing the concentration of the reacting species will not speed up the
rate of the reaction. Zero-order reactions are typically found when a material that is
required for the reactions to proceed, such as a surface or a catalyst, is saturated by the
reactants. The rate law for a zero-order reaction is:
r = k (2.59)
where r is the reaction rate (change in concentration over change in time) and k is the
reaction rate constant.
r =−
d[A]
dt
=   (2.59)
If this differential equation is integrated it gives an equation which is often called the
integrated zero-order rate law.
[A]t = −  t + [A]  (2.61)
where, [A]t represents the concentration of the chemical of interest at a particular time
and [A]  its initial concentration.
For a zero-order, the plot of concentration data against time, gives a straight line.
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The half-life of a reaction describes the time needed for half of the reactant to be
depleted. For a zero-order reaction the half-life is given by:
t1/2 =
[A] 
2 
(2.62)
It should be noted that the order of a reaction cannot be deduced from the equation of
the reaction [262 and 263].
2.7.3 First-order reactions
The rate for a first-order reaction can be expressed as;
r = −
  A
 t
= k[A] (2.63)
where, k is the first order rate constant, which has units of reciprocal of time.
The integrated first order rate law is:
ln[A]t = −  t + ln[A]  (2.64)
A plot of ln[A]t vs. time t gives a straight line with a slope of –k. The integrated first-
order rate law above (Equation 2.64) is usually written in the form of the exponential
decay equation.
At = A e
− t (2.65)
The half life of a first-order reaction is independent of the concentration of the reactant
and is given by:
t1/2 =
ln2
 
(2.66)
2.7.4 Second-order reactions
A second order reaction depends on the concentrations of one second-order reactant, or
two first-order reactants. For the one second order reactants,
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2A products (2.67)
Its reaction rate is given by,
r = -
 [A]
 t
=  [A]2 (2.68)
Another way to present Equation 2.68, is to take the natural log of both sides:
lnr = lnk + 2ln [A] (2.69)
The integrated second-order rate law for the reaction above is as follows,
1
[ ]
=
1
[ ] 
+    (2.70)
For the two first order reactants,
A + B Products (2.71)
its reaction rate is given by,
−
 [ ]
  
=  [A][B] (2.72)
The integrated second-order rate law for the reaction is,
[A]
[B]
=
[A] 
[B] 
e([A]  − [B] ) t (2.73)
The half-life equation for a second-order reaction is dependent on one second-order
reactant
t1/2 =
1
 [A] 
(2.74)
For such a reaction, the half-life progressively doubles as the concentration of the
reactant falls to half its initial value [264].
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2.7.5 Pseudo first-order reactions
The measurement of a second order reaction rate with reactants A and B can be
problematic, as the concentrations of the two reactants must be followed simultaneously,
which is more difficult. One of them can be measured and then the other calculated
which is less precise. A common solution for this problem is the pseudo first order
approximation. If either [A] or [B] remains constant as the reaction proceeds, then the
reaction can be considered pseudo first order because in fact it only depends on the
concentration of one reactant. If for example [B] remains constant then.
r = k[A][B] =  '[ ] (2.75)
where k ' = k[B] [k' or kobs with units s-1] and an expression is obtained identical to the
first order expression above (Equation 2.63). One way to obtain a pseudo first order
reaction is to use a large excess of one of the reactants ([B] >> [A] would work for the
previous example) so that, as the reaction progresses only a small amount of the excess
reactant is consumed and its concentration can be considered to stay constant. By
collecting k' for many reactions with different (but excess) concentrations of [B]; a plot
of k ' versus [B] gives k (the regular second order rate constant) as the slope [262 and
263].
2.7.6 Effect of temperature on rate of reaction
A reaction at a higher temperature delivers more energy into the system and increases
the reaction rate by causing more collisions between particles, as explained by the
collision theory. A more important factor however is that more colliding particles
posses the necessary activation energy resulting in more successful collisions (when
bonds are broken in the reactants). As a rule of thumb, reaction rate for many reactions
double (or triple) for every 10 degrees Celsius increase in temperature, though the effect
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of temperature may be very much larger or smaller than this (to the extent that reaction
rates can be independent of temperature or decrease with increasing temperature) [265].
Generally, the dependence of the rate constant k on temperature T (K) follows the
Arrhenius equation, at least over a moderate temperature range (100 K). The influence
of temperature is described by the Arrhenius equation [266]:
k = Ae−Ea/RT (2.76)
The coefficient A is called the Arrhenius frequency factor and Ea is the activation
energy. The higher the activation energy, the slower the reaction rate at any given
temperature. By plotting lnk against 1/T, the value of Ea (as well as A) can be
determined. The Ea value is often useful in interpreting the reaction mechanism.
An alternative approach to interpreting the temperature dependence of reaction rates,
especially for reactions in solution, is based on the activated complex theory (ACT).
Thus, the thermodynamic parameters (∆H* and ∆S*) can be estimated by applying the
activated complex theory, developed by Eyring in 1935. The effect of temperature on
reaction rate can be interpreted using ACT as described by Equation 2.77, which is
analogous to the Arrhenius equation (Equation 2.76) [267 and 268].
ln(
k
T
) = In(
  
 
) + (
ΔS∗
 
) – (
ΔH∗
 T
) (2.77)
where, k is the rate constant, T is the temperature (K),    is Boltzmann constant, h is
Planck’s constant, R the universal Gas constant, and ∆S∗ and ∆H∗ are activation entropy
and enthalpy, respectively. A plot of ln(k/T) vs. 1/T yields ΔH∗ from the slope and ΔS∗
from the intercept.
According to the Eyring equation (Equation 2.77), the regression of lnk/T vs. 1/T (K-1)
derived from ACT yields a straight line with slope (–H∗∆/R) and intercept [ln(kB/h) +
(∆S∗/R)], which permits the determination of ∆H∗ and ∆S∗, respectively.
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The Gibbs free energy of activation (Δ G∗ ) is used to determine the spontaneity of
chemical reactions, and it can be determined for all temperatures by the fundamental
thermodynamic equation (Equation 2. 78) [266].
ΔG∗ = ΔH∗ - TΔS∗ (2.78)
2.7.7 Effects of ionic strength on reaction rate
The ionic strength of a solution is a measure of the concentration of ions in that solution.
Ionic compounds, when dissolved in aqueous solution, dissociate into ions. The total
electrolyte concentration in solution will affect important properties such as the
dissociation or the solubility of different salts. One of the main characteristics of a
solution with dissolved ions is the ionic strength [269].
The rate constant of an ionic reaction depends upon the ionic strength of the solution.
This “primary kinetic salt effect” may be understood qualitatively in terms of
favourable interactions between the reactants and activated complex and the ionic
atmosphere of oppositely charged ions which surround them in solution. Three cases
maybe identified;
a. If the charges on the reactants have the same sign, the activated complex will be
more highly charged than the reactants. Increasing the ionic strength of the
solution will therefore stabilize the activated complex more than the reactants,
and thus increase the rate constant by lowering the effective activation energy.
b. If the charges on the reactants have different signs, the charge on the activated
complex will be lower than the charges on the reactants, and the rate constant
will decrease with ionic strength.
c. If the reactants are uncharged, there will be, in a simple picture, no change in the
rate constant with ionic strength (Equation 2.80).
There is therefore need to maintain a constant ionic strength during kinetic experiments.
The ionic strength of a solution is expressed as:
I =
1
2
∑MiZi
2
(2.79)
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where, I is the ionic strength, Mi the concentration of the ith ion, and Zi the charge on
the ion [264, 270 and 271].
If the rate of a reaction depends upon the approach of charged moieties, the following
approximate relationship between ionic strength of an ionic solution and its rate
constant may hold, which is given as,
log
k
k 
= ZAZB√  (2.80)
where k  is the rate constant at zero ionic strength, and ZA and ZB represents the charge
on the reacting molecules. The value of ZAZB is given by the slope of the curve for a plot
of logk against √  [264, 270 and 271].
2.7.8 Oxidation-reduction reactions
The oxidation-reduction (redox) reaction was in classical terms defined as gain or loss
of oxygen, a definition that has been discarded since; redox reactions are looked at in
the modern time as loss of electrons (oxidation) and gain of electrons (reduction). A
redox reaction is best defined as an electron transfer reaction [272].
The problem in studying redox reaction mechanism is to find out whether atom transfer
or electron transfer occurs, which atoms are transferred and what intermediate, either
stable or unstable are formed [272]. Complete study giving detailed picture of transition
state for these steps is necessary. Therefore, both composition as well as geometry of
the transition state is desired. The two transition state mechanisms used for redox
reaction involving metal complexes are; outer-sphere and inner-sphere mechanisms.
2.7.8.1 Electron transfer theory
In the electron transfer theory, elements in the reactants undergo oxidation state changes
by exchange of electrons, for example;
MnO4
− + 5Fe2+ + 8H+ ⟶ Mn2+ + 5Fe3+ + 8H2O (2.81)
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Manganese in an oxidation state of VII, undergoes electrons exchange by donating 5
electrons to iron(II) which itself becomes reduced and the iron(II) is oxidised [262].
These electron transfer reactions are broadly classified into:
i. Homonuclear electron exchange reactions; These involve a reaction between
two species of the same elements in different oxidation states in the same
environment. The electron moves from one nucleus to another. Examples:
Fe(phen)3
2+ + ∗ Fe(phen)3
3+ ⟶ ∗ Fe(phen)3
2+ + Fe(phen)3
3+ (2.82)
Co(bipy)3
2+ + ∗ Co(bipy)3
3+ ⟶ ∗Co(bipy)3
2+ + Co(bipy)3
3+ (2.83)
where, the asterick indicates isotopically labeled ion. This type of reaction cannot be
monitored by chemical method as there is no chemical difference between reactants and
products and can only be studied by radioactive tracer techniques.
ii. Chemical cross reactions; This applies to the reaction between two different
species as opposed to the self reactivity. ΔG for these reactions is far less
than zero (ΔG << 0). Chemical methods can be used to monitor the reaction
as there is a difference between the reactants and products. Chemical cross
reactions are divided into two:
a. Mutual oxidation-reduction reactions; This involves reactions between two or
more elements which must be the same but having different oxidation states to
give single element. The Cr4+ and Cr6+ systems have been studied extensively
[262].
Cr4+ + Cr॑+ ⟶ 2Cr5+ (2.84)
Cr2+ + Cr4+ ⟶ 2Cr3+ (2.85)
b. Reaction between two different metal ions; This is divided into two:
i. Complementary reactions; In this case, the oxidation number of the oxidant
and reductant change by the same amount to give always electron ratio 1 : 1
stoichiometry. For example:
Cr2+ + Co3+ ⟶ Cr3+ + Co2+ (2.86)
Hg  + Tl3+ ⟶ Hg2+ + Tl+ (2.87)
where Equation 2.86 is a one electron transfer case, and (Equation 2.87) a two electron
transfer case.
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ii. Non-complementary reactions; Oxidation numbers of the oxidant and
reductant in this case change by different number of units, for example, a
three electron oxidant, one electron reductant.
Cr॑+ + 3Fe2+ ⟶ Cr3+ + 3Fe3+ (2.88)
For gaseous systems, evidence exists clearly that direct electron transfer between
molecules does occur. But in liquid state the situation is more complicated. Kinetic
studies of electron transfer reactions in solution are of considerable importance in the
field of chemistry. To understand the actual detailed mechanism involved, it will require
the measurement of the rates and their dependence on a host of parameters like solvent,
temperature and ionic strength [264].
In electron transfer reaction, mechanisms are described in terms of geometries and
properties of activated complexes. Two mechanisms have been identified through early
works of Taube and co-workers [265]. These are outer sphere and inner sphere
mechanisms.
2.7.8.2 The outer sphere mechanism
The outer sphere mechanism involves electron transfer for redox reactions where the
inner coordination shells of both metal ions remain intact in the transition state. The
electron being transferred goes from primary bond system of one to the other. Outer
sphere mechanism operates for both self exchange and cross reactions [272]. For
examples;
Ru(NH3)॑
2+ + ∗ Ru(NH3)॑
3+ ⟶ Ru(NH3)॑
3+ + ∗ Ru(NH3)॑
2+
(2.89)
Fe(CN)॑
4− + IrCl॑
2− ⟶ Fe(CN)॑
3− + IrCl॑
3− (2.90)
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Here, the participating redox centers are not linked via any bridge during the electron
transfer, (ET), event. Instead, the electron "hops" through space from the reducing
center to the acceptor. Outer sphere electron transfer can occur between different
chemical species or between identical chemical species that differ only in their
oxidation states. The later process is termed self-exchange [265 and 272]. Features of
an outer sphere reaction include;
a. Reactants diffuse together out of their solvent shells; that is, formation of a
precursor complex
b. Changing bond lengths, reorganisation of solvent; that is, formation of an
activated complex
c. Electron transfer then takes place.
d. Relaxation of bond lengths, solvent molecules; that is, formation of a
successor complex
e. Diffusion of products; dissociation to separate products.
2.7.8.3 The inner sphere mechanism
In the inner sphere mechanism there is substitution at one of the metal centers where a
ligand originally co-ordinated to one reactant is shared between the co-ordination shells
of both metal ions. So in activated complex, a binuclear ligand bridged intermediate
represents the metal ions as a single primary bond system. The bridge serves as a
channel through which the electron is transferred. The ligand that forms the bridge is
usually but not always transferred from one reactant to another [272]. One example of
this mechanism is the reaction between hexaaquochromium(II) and
pentaamminechlorocobalt(III) given below:
[Cr(H2O)॑]2+ + [Co(NH3)5Cl]2+ ⟶ [Cr H2O)5Cl 2+ + Co2+ + 5NH3 (2.91)
The above reaction normally occurs in the presence of labelled chloride ions, with the
mechanism as follows.
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[Cr(H2O)6]2+ + [Co(NH3)5Cl]2+ {(H2O)5Cr…Cl…Co(NH3)5}4+ (2.92)
{(H2O)5Cr…Cl…Co(NH3)5}4+ [Cr(H2O)5Cl]2+ + Co2+ + 5NH3 (2.93)
Since both Cr3+ and Co3+ are constitutionally inert, the transfer of chloride atom from
Co3+ to Cr3+ can only be explained if the reaction follows the inner sphere pathway in
which electron transfer occurs through the chloride group that serves as a bridging
ligand.
The two redox centers are covalently linked during the ET. This bridge can be
permanent, in which case the ET event is termed intramolecular electron transfer. More
commonly, however, the covalent linkage is transitory, forming just prior to the ET and
then disconnecting following the event. In such cases, the electron transfer is termed
intermolecular electron transfer. An example of an inner sphere ET process that
proceeds via a transitory bridged intermediate is the reduction of [CoCl(NH3)5]
2+ by
[Cr(H2O)॑]
2+ . In this case the chloride ligand is the bridging ligand that covalently
connects the redox partners [265]. Features of an inner sphere reaction include;
a. Presence of a ligand capable of binding to two metal complexes
example,Cl−, NCO−, OH− etc.
b. One metal (reductant) must be labile, in order to generate vacant site for the
bridge.
Ox-X + Red [Ox…..X…..Red] Ox- + Red+ (2.94)
Inert Labile Labile Inert
2.8 Organic matter
Organic matter or organic material, natural organic matter, NOM refers to the large pool
of carbon-based compounds found within natural and engineered, terrestrial and aquatic
environments. It is matter composed of organic compounds that have come from the
remains of organisms such as plants and animals and their waste products in the
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environment [273]. Organic matter is very important in the movement of nutrients in the
environment and plays a role in water retention on the surface of the planet [274].
Dissolved organic matter (DOM) in soils is known to serve as both an electron donor
and acceptor during redox reactions, which is an important factor influencing Cr and As
biogeochemistry in the environment [275 and 276]. It has been shown that DOM
samples (10 mg L−1 , pH 6.0) from Brazil and US were able to oxidise 25 – 40 g L−1
As(III) to As(V) within 90 h [277]. It was also suggested that semiquinone radicals were
the main electron accepting moieties in a model DOM AQDS (9,10-anthraquinone-2,6-
disulphonic acid) for As(III) oxidation [278]. The As(III) oxidation reaction strongly
depends on semiquinone radical content with As(III) oxidation rate increasing when the
semiquinone radicals increased. In addition, reduction of Cr(VI) to Cr(III) is more likely
to occur in DOM-rich environment [279]. Significant positive relationship has been
observed between Cr(VI) reduction and the amount of easily oxidisable DOM in a soil,
suggesting that DOM may act as an electron donor during Cr(VI) reduction to Cr(III)
with itself being oxidised to CO2.
Biochar, a low-density carbon-rich material produced by heating biomass under low
temperature and minimum oxygen, is widely used as a soil conditioner and fertilizer
[280]. Over time, biochar particles release DOM to soil due to natural weathering or
oxidative depolymerisation of biochar. In addition, a large portion of the organic carbon
in soils and sediments might be of biochar origin (5 – 40 %). Hence, biochar-derived
DOM may play an important role in Cr(VI) and As(III) transformation and speciation in
soils [280]. Various agricultural waste products can be used as a source of biochar
and/or organic matter (carbon) including; wood sawdust, rice husk, corn cob and ground
nut husks.
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2.8.1 Wood sawdust
Wood sawdust is a solid residue, generated in the timber industry, which is of little or
no profitable use and can cause serious environmental problems if disposed
inadequately [281]. It is a by-product of cutting, grinding, drilling, sanding, or otherwise
pulverizing wood with a saw or other tool; it is composed of fine particles of wood. It is
also the by-product of certain animals, birds and insects which live in wood, such as the
woodpecker and carpenter ant. It can present a hazard in manufacturing industries,
especially in terms of its flammability.
2.8.2 Rice husks
Rice husks (or rice hulls) are the hard protecting coverings of grains of rice. It is the
outermost layer of the paddy grain that is separated from the rice grains during the
milling process. It was estimated that world paddy production in 2010 was over
॑廈35    1 11 kg [282]. Around 22 % of the paddy mass is husk [283], which consists
of opaline silica in combination with a large amount of a phenyl propanoid structural
polymer called lignin, hemicellulose and cellulose [284]. Consequently, over 1廈3̴7  
1 11 kg of rice husk were generated in 2010.
Since the hull represents an average about 22 % of the rough harvested weight of rice
(paddy), our planet is speedily being filled up with an abundance of this scaly residue. It
has also been pointed to the fact that of all cereal by-products, the rice hull has the
lowest percentage of total digestible nutrients (less than10 %) [285].
2.8.3 Corn cob
A corn cob is the central core of an ear of maize (Zea mays ssp. mays). It is the part of
the ear on which the kernels grow. The ear is also considered a "cob" or "pole" but it is
not fully a "pole" until the ear is shucked, or removed from the plant material around the
89
ear. Young ears, also called baby corn, can be consumed raw, but as the plant matures
the cob becomes tougher until only the kernels are edible [286].
Corn cobs are a by-product of the maize crop, consisting of the central fibrous rachis of
the female inflorescence (the maize "ear"). The development of maize processing in the
20th century resulted in an increase in the volumes of this by-product [287]. About 180
kg of cobs are obtained from each ton of maize shelled [288]. In the USA, it was
estimated that about 4廈53॑   1 1  kg of cobs were produced annually in the 2000s,
most of them being left on the field [289], and maize cobs are a major by-product in
many maize producing countries.
2.8.4 Ground-nut husks
Groundnut shells (Arachis hypogea L) are an agricultural by-product from an oilseed
leguminous crop groundnut (peanut) [290]. Peanut hulls are a bulky waste generated in
large amounts. In peanut-producing countries, they are often burned, dumped, or left to
deteriorate naturally [290]. The fruit (pod, nut) of the peanut (Arachis hypogaea L.)
consists of an external hull (or shell) (21 - 29 %) surrounding the nut (71 - 79 %) [291
and 292].
Groundnut is the third most abundantly cultivated oilseed in the world and plays an
important role in the economy of these West African countries, including the Gambia,
Nigeria, Ghana and Senegal [293 and 294].
Global peanut production has increased to 3廈588   1 1  kg in 2011 [295] which led to
concern on agricultural waste management problem as this high production of peanut is
accompanied by the generation of significant quantity of waste in countries such as
China, which generates over 7廈257   1 11 kg of agricultural waste annually [290].
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CHAPTER THREE
MATERIALS AND METHODS
3.1 Chemicals, reagents and apparatus
The materials for this study included; rice husk, saw dust, maize cob, ground nut husk,
K2Cr2O7, (JHDAR), chromium(VI) oxide ( CrO3), (LOBAAR CHEMIE PVT Ltd),
chromium(III) oxide ( Cr2O3), (LOBAAR CHEMIE PVT Ltd), NaAsO2, (LOBAAR
CHEMIE PVT Ltd), nitric acid, HNO3 (BDHAR), NaNO3, (FenxichunAR), FeCl3 ,
(LOBAAR CHEMIE PVT Ltd), H2SO4 (97 – 99 % assay, JHDAR), O-phosphoric acid
( H3PO4 ), (FenxichunAR), O-phenanthroline, (QualikemsAR), ferrous sulphate
( FeSO4 廈7H2O) (JHDAR), ferrous Ammonium Sulphate { Fe(NH4)2(SO4)2 廈॑H2O },
(LOBAAR CHEMIE PVT Ltd), ammonium molybdate { (NH4)॑Mo7O24 廈4H2O },
(Guangdong Guanghua Sci-Tech. Co. LtdAR), hydrazine sulphate { (N2H5)HSO4} ,
(QualikemsAR), acrylamide, (JHDAR), methanol, (99.9 % Fisher ChemicalAR), distilled
and deionised water.
The equipment included; muffle furnace (NEY M-525), mechanical shaker (HY-2
Speed adjusting multipurpose vibrator), thermostatic water bath (Clifton unstirred bath
model 92498), UV-visible spectrophotometer (UnicoR 2800P/JENWAY 7315), stop
watch (Kenko sport timer K/F 5853), pH meter (Hanna Instrument H19024), analytical
balance (aeADAM PW 184, AE 437531), freeze dryer (Lyodry, Grande freeze dryer
model), Fourier Transform Infrared, FTIR spectrophotometer (Agilant Technolologies,
Cary 630 FTIR), sieve (Cole Parmer-typed sieve of 0.80 mm mesh), normal laboratory
glasswares.
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3.2 Methods
3.2.1 Determination of UV-visible spectrum of the chromium(VI), chromium(III)
and molybdenum blue
Solutions of the salts of CrO3 and Cr2O3 were prepared (with 0.009 mol L
−1 ) and the
absorbances of the solutions taken in the wavelength range (300 - 750 nm) with a
UnicoR 2800P/JENWAY 7315 UV-visible spectrophotometers [296]. Also, absorbances
were taken from a solution of the molybdenum blue salt {a product of ammonium
molybdate(VI) with As(V) ions (in the environment of hydrazine sulphate)} [297 and
298]. The wavelengths of maximum absorption were obtained by ploting absorbances
versus wavelengths.
3.2.2 Preparation and characterisation of DOM from rice husk (RH), sawdust (SD),
maize cob (MC) and ground-nut husk (GH)
The waste materials were collected locally; sawdust from a local sawmill (along George
Akume Road, International Market, Makurdi), rice husk from Makurdi Rice Mill (Lafia
Road, Wurukum, Makurdi), corn cob waste from a maize farm (at Jauro Yinu, Wukari
Road, Jalingo, Taraba State) and ground nut husk from a ground nut farm (at Jauro Yinu,
Wukari Road, Jalingo, Taraba State). The saw dust was sieved with a Cole Parmer-
typed sieve of about 0.80 mm mesh in order to obtain a desirable size fraction. Then, the
sieved saw dust was washed with distilled water to remove any residues or impurities
such as ash and dust. The same process was applied to the rice husk. Corn cob and
ground nut husk on the other hand were first washed with distil water, dried in an oven
and grounded through the sieve to lower the surface area, followed by the procedure
described above [299 and 300].
Subsequently, these were dried in an oven, and pyrolysised (at < 350 oC for 20 min) in a
furnace to obtain the biochar [299].
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10 g of the biochar obtained from rice husk, saw dust, maize cob and ground nut husk
each were suspended in a reaction vessel with 1 L deionised water, and agitated on a
shaker at an average speed at room temperature for 24 h (to reach an apparent
equilibrium). The suspensions were then passed through a filter paper and then a 0.2 μm
membrane filter to obtain dissolved organic matter, (DOM) [12]. The percentage
mass/volume of DOM was analysed by Walkley-Black titrimetric method [300 - 302].
The functional groups were analysed after freeze drying the DOM samples using FTIR
and UV-visible spectrophotometers [12 and 303].
3.2.3 Optimisation of concentration of reagents in the kinetics of oxidation of
arsenic(III) with organic matter
3.2.3.1 Optimisation of concentration of hydrazine sulphate
The intensity of the colour of molybdenum blue complex is significantly affected by the
concentration of hydrazine sulphate of the solution [303]. In order to achieve maximum
absorbance, the effect of concentration of hydrazine sulphate on the intensity of the
colour of molybdenum blue complex was investigated by taking various volumes (0.1 -
1.0 mL) of the hydrazine sulphate solution (0.5 mol L−1 ), 2 mL of ammonium
molybdate (of 2.5 %), 2 mL of NaAsO2, (0.08 mol L
−1) and 20 mL of dissolved organic
matter, DOM in a 50 mL volumetric flask. Then the mixtures were diluted and made up
to the mark with distilled water and left for maximum colour development. After this
the absorbance of each mixture was measured at the wavelength of maximum
absorbance to get the most sensitive concentration.
3.2.3.2 Optimisation of concentration of ammonium molybdate
The molybdenum blue complex so obtained in the reaction of ammonium molybdate(VI)
with As(V) ions depends on the concentration of ammonium molybdate [303]. The
effect of concentration of ammonium molybdate on the formation of molybdenum blue
complex was investigated by varying the volumes (1 – 8) mL of ammonium molybdate
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(of 2.5 %), with the addition of 1 mL (0.5 mol L−1 ) hydrazine sulphate and 20 mL of
dissolved organic matter, DOM in a 50 mL volumetric flask and then made up to mark
with distilled water. After the maximum colour has been developed, the absorbance of
these solutions were measured at the wavelength of maximum absorbance to get the
most sensitive concentration.
3.2.4 Stoichiometric studies
The Stoichiometry of the reaction was determined by UV-visible spectrophotometric
titration. Here, reaction mixtures containing fixed volume 10.00 mL (6.0 × 1 −1
mol L−1 ) of As(III) and varying volumes 2, 4, 6, 8 and 10 mL (concentrations; 1.0 ×
1 −3 to 1.4 × 1 −1 mol L−1 ) of Cr(VI) at constant ionic strength (I) of 0.1 mol L−1
(NaNO3), T = ambient (297 – 300 K) and pH = 6 were allowed to go to completion. The
absorbances of the solutions were taken at the wavelength of maximum absorbance of
the Cr(VI) metal salt. The equivalent point was obtained from the plots of absorbances
of the solutions against their concentrations [304].
3.2.5 Test for free radicals
To a mixture of K2Cr2O7 salt and NaAsO2 salt solutions, at pH = 6, I = 0.1 mol L
−1, and
T = ambient (297 – 300 K), were added acrylamide solution and excess methanol to
observe the formation of gel. This was to justify the formation of reaction intermediates
if there is a gel formation and vice versa [305].
3.2.6 Kinetic studies
All rate measurements were made using UnicoR 2800P/JENWAY 7315 UV-visible
spectrophotometers at the wavelengths of maximum absorptions. The reaction rates
were monitored at the wavelength by noting the decrease in absorbances of the reaction
mixtures with time for the oxidation-reduction of arsenite/chromate and reduction of
chromate ions by DOM, and noting the increase in absorbances of the reaction mixtures
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with time for the oxidation reaction of arsenite by DOM. The former were interpreted
based on the fact that, Beer’s law is additive for a multi component sample, equations
3.1 and 3.2
(A)λ1 = (εCr(VI))λ1lCCr(VI) + (εCr(III))λ1lCCr(III) (3.1)
(A)λ2 = (εCr(VI))λ2lCCr(VI) + (εCr(III))λ2lCCr(III) (3.2)
where A is the absorbances of the mixtures, λ1 and λ2 are wavelengths at which the
absorbances were measured, εCr(VI) and εCr(III) are the molar absorptivities, CCr(VI) and
CCr(III) are the concentrations and l is the path length [306].
All kinetic measurements were made under pseudo-first order conditions with the
concentrations of AsO2
− at least 60 times greater than that of the Cr2O7
2− or Cr2O7
2− at
least 60 times greater than that of the AsO2
−, and CrO7
2− and AsO2
− ions at least 60 times
greater than that of the DOM [296].
The pseudo-first order rate constants, kobs, were obtained from the plots of ln(At-A∞/Ao-
A∞) against time (where At, Ao and A∞ are the absorbances of the reaction mixtures at
times t, zero time and infinite time respectively). Plots of logkobs vs. log[AsO2
− ] and
logkobs vs. log[Cr2O7
2−] have been determined, with [AsO2
−] = 2.00, 4.00, 6.00, 8.00 and
10.00 (× 1 −2 mol L−1 ) and [ Cr2O7
2−] = 2.00, 4.00, 6.00, 8.00 and 10.00 (× 1 −1
mol L−1). The temperature was kept constant at ambient (297 – 300 K), pH = 6 and I =
0.1 mol L−1.
3.2.7 pH dependence studies
The pseudo first order rate constants, kpH for the oxidation-reduction reaction involving
As(III)/Cr(VI), DOM/As(III)/Cr(VI), DOM/Cr(VI), and DOM/As(III) reactions were
determined at pH in the range of 2 – 10 (using HNO3 and NaOH) while keeping other
conditions constant.
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3.2.8 Temperature dependence studies
The temperature dependence rate study for the oxidation-reduction reaction involving
As(III)/Cr(VI), DOM/As(III)/Cr(VI), DOM/Cr(VI), and DOM/As(III) reactions were
carried out over the temperature range of 288 K - 305 K while keeping other conditions
constant. Kinetic activation parameters (activation energy, Ea, entropy change, ∆S, and
enthalpy change, ∆H) were obtained from Arrhenius and Eyring plots, Equations 2.67
and 2.68 [266 - 268].
3.2.9 Ionic strength effect
The effect of ionic strength changes on rate of the oxidation-reduction reaction
involving As(III)/Cr(VI), DOM/As(III)/Cr(VI), DOM/Cr(VI) and DOM/As(III)
reactions were being studied over a range of (0.001 - 0.021) mol L−1 concentrations of
NaNO3 salt while keeping other conditions constant.
3.2.10 Presence of other redox couples
The pseudo first order rate constants, kobs for the As(III)/Cr(VI) reaction was
determined in the presence of other redox materials; Fe3+ ions (concentration range
0.001 - 0.009 mol L−1 FeCl3) and DOM obtained from saw dust, maize cob, groundnut
husk and rice husk while keeping other conditions constant.
3.2.11 Product analysis
In determining the chemical structure and functional groups involved in As and Cr
redox reactions, DOM samples (DOM(SD), DOM(MC), DOM(GH) and DOM(RH)
containing a percentage weight by volume of carbon were analysed using UV and FTIR
spectrophotometers. To achieve this, 250 mL of DOM samples (DOM(SD), DOM(MC),
DOM(GH) and DOM(RH) containing varying percentage by volume DOM were
freeze-dried and analysed by using FTIR and UV-visible spectrophotometers [12 and
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303]. The colours of the solutions used were also observed to see the colour changes
that occur.
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CHAPTER FOUR
RESULTS AND DISCUSSION
4.1 Results
4.1.1 UV-visible absorption spectra of the solutions and spectrophotometric
titration
In order to achieve a successful study, the spectra of the coloured solutions were
determined and the wavelength at which Cr(VI) (from CrO3 ) ion, Cr(III) (from Cr2O3 )
ion and molybdenum blue {a product of ammonium molybdate(VI) with As(V) ions (in
the environment of hydrazine sulphate)} solutions showed maximum absorbances were
observed at λmax = 352, 571 and 820 nm respectively. The spectra are presented in
Figures 4.1 and 4.2. Also, the result of stoichiometric studies (UV-visible
spectrophotometric titration) involving the oxidation-reduction reaction between AsO2
−
and Cr2O7
2− ions is presented in Figure 4.3 (Appendix 1 has the calculations for the
process).
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Figure 4.1 Determination of λmax for Cr(VI) and Cr(III) ions
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Figure 4.2 Determination of λmax for molybdenum blue solution
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Figure 4.3 UV-visible spectrophotometric titration for the reaction between
AsO2
− and Cr2O7
2−
101
4.1.2 Effects of initial concentration on the pseudo first order rate constant, kobs of
the oxidation-reduction reaction involving     
− and      
 − Ions
The pseudo-first order plots for the oxidation-reduction reactions involving AsO2
− and
Cr2O7
2− ions are presented in Figures 4.4 and 4.6. Table 4.1 gives the kobs values of the
above reactions which were monitored at λmax = 352 nm (and 571 nm), temperature, T =
ambient (298 – 300 K), pH = 6, ([ Cr2O7
2− ] = 0.009 mol L−1 and [AsO2
− ] = 0.009
mol L−1 ), I = 0.1 mol L−1 (NaNO3 ). Figures 4.5 and 4.7 have plots of logkobs against
log[AsO2
−] and log[Cr2O7
2−] to get the order with respect to AsO2
− and Cr2O7
2− ions. The
oxidation-reduction reaction involving AsO2
− and Cr2O7
2− ions was also monitored under
similar conditions, but in the presence of Fe3+ ions (1.00 – 9.00 × 1 −1 mol L−1 ) and
the results are presented in Figure 4.8. Table 4.2 gives the kobs values of the above
reaction. The R2 values of the above reactions are contained in Appendix 7.
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Figure 4.4 Effects of initial concentration on the rate of reaction of AsO2
− with
Cr2O7
2−
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Figure 4.5 Determination of reactant order with respect to AsO2
− in Cr2O7
2−
reduction
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Figure 4.6 Effects of initial concentration on the rate of reaction of Cr2O7
2−
with AsO2
−
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Figure 4.7 Determination of reactant order with respect to Cr2O7
2− in AsO2
−
oxidation
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Table 4.1 Pseudo-first order rate constants, kobs rate data for the oxidation-reduction
reaction between AsO2
− and Cr2O7
2−
[AsO2
−]/[Cr2O7
2−] I kobs/102 (s-1)
mol L−1 mol L−1 at varying [AsO2
−] at varying [Cr2O7
2−]
0.10 0.10 22.00 24.00
0.08 0.10 16.00 17.00
0.06 0.10 12.00 13.00
0.04 0.10 9.00 11.00
0.02 0.10 5.00 7.00
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Figure 4.8 Effects of Fe3+ (mol L−1) on the rate of reaction of AsO2
− with
Cr2O7
2−
Table 4.2 Pseudo-first order rate constants, kobs data for the oxidation-reduction reaction
between AsO2
− and Cr2O7
2− ion in the presence of Fe3+ at [AsO2
−] = 0.08 mol L−1.
[Fe3+]/102 I kobs/102
mol L−1 mol L−1 s-1
1.00 0.1 16.00
3.00 0.1 16.00
5.00 0.1 16.00
7.00 0.1 15.00
9.00 0.1 15.00
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4.1.3 Characterisation of DOM obtained from rice husk (RH), sawdust (SD), maize
cob (MC) and ground-nut husk (GH)
The characterisation of the various samples of dissolved organic matter, DOM obtained
from SD, MC, GH and RH were done with UV-visible and infra-red spectroscopy and
the spectra are presented in appendix 2 and 3 - 6 respectively. Table 4.3 has the UV-
visible and Infra-red spectral data for these samples.
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Table 4.3 UV-visible and infra-red spectra data of the dissolved organic matter, DOM
obtained from saw dust, maize cob, ground nut husk and rice husk
λmax (nm)/ DOM
Infra-red frequencies (cm-1) Saw dust Maize cob G/nut husk Rice husk
λmax 250.00 260.00 256.00 260.00
υ(O-H) (COOH) 2959.5 2959.5 2967.0 2859.5
υ(C-H) (SP3) 2959.5 2959.5 2967.9 2859.5
υ(C=O) 1755.6 1722.0 1722.0 1654.9
υ(C=C) - 1654.9 - 1654.9
υ(-C-O-) (alcohol/phenols)1069.7 1069.7 1058.6 1069.7
υ(CH2 &CH3) 1408.9 1408.9 1438.8 1408.9
υ(=C-H) 902.0 902.0 902.0 902.0
υ(C-H) (arene) 864.7 864.7 864.7 864.7
υ(O-H) (phenol/alcohols) 685.8 685.8 - 685.8
υ(C-O-H) 1431.3 1431.3 1438.8 1435.0
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4.1.4 Effects of DOM on the reactions pseudo first order rate constants, kobs
Effects of DOM on pseudo-first order rate constants for the oxidation-reduction
reactions involving AsO2
− and Cr2O7
2− ions were monitored; results are presented in
Figures 4.9, 4.10, 4.11 and 4.12 for reactions in the presence of DOM(SD), DOM(MC),
DOM(GH) and DOM(RH) respectively. The pseudo-first order plots for the reduction
reactions involving Cr2O7
2− ion with DOM(SD2), DOM(MC2), DOM(GH2) and
DOM(RH2) are also presented in Figures 4.13, 4.14, 4.15 and 4.16 respectively. Table
4.4 gives the kobs values of the above reactions. These reactions were monitored at λmax
= 352 nm (and 571 nm), pH = 6, T = ambient (298 – 300 K), I = 0.1 mol L−1 (NaNO3),
[AsO2
−] = 0.08 mol L−1 , [Cr2O7
2−] = 0.009 mol L−1 and varying volumes (10 – 50 mL)
of DOM. The pseudo-first order rate constants for the oxidation of AsO2
− ion by DOM
were also monitored and the results are presented in Figures 4.17, 4.18, 4.19 and 4.20
for DOM(SD3), DOM(MC3), DOM(GH3) and DOM(RH3) respectively. Table 4.5
gives the kobs values of the above reactions which were carried out at λmax = 820 nm, pH
= 6, T = ambient (298 – 300 K), I = 0.1 mol L−1 (NaNO3) and [AsO2
−] = 0.009 mol L−1.
The R2 values of the above reactions are contained in Appendix 8.
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Figure 4.9 Effects of adding DOM (mL) obtained from saw dust on the rates of
redox reactions between AsO2
− and Cr2O7
2−
114
Figure 4.10 Effects of adding DOM (mL) obtained from maize cob on the rates
of redox reactions between AsO2
− and Cr2O7
2−
115
Figure 4.11 Effects of adding DOM (mL) obtained from ground nut husk on the
rates of redox reactions between AsO2
− and Cr2O7
2−
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Figure 4.12 Effects of adding DOM (mL) obtained from rice husk on the rates of
redox reactions between AsO2
− and Cr2O7
2−
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Figure 4.13 Plots of rate of reduction of Cr2O7
2− by varying DOM (mL) obtained
from saw dust
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Figure 4.14 Plots of rate of reduction of Cr2O7
2− by varying DOM (mL) obtained
from maize cob
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Figure 4.15 Plots of rate of reduction of Cr2O7
2− by varying DOM (mL) obtained
from ground nut husk
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Figure 4.16 Plots of rate of reduction of Cr2O7
2− by varying DOM (mL) obtained
from rice husk
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Table 4.4 Pseudo-first order rate constants, kobs data for the oxidation-reduction reaction
between AsO2
− and Cr2O7
2− ions in the presence of dissolved organic matter, DOM, and
reduction of Cr2O7
2− by DOM.
Volume kobs(s-1) for AsO2
−/Cr2O7
2−/DOM kobs(s-1) for Cr2O7
2−/DOM
(mL) SD MC GH RH SD2 MC2 GH2 RH2
10 0.016 0.016 0.016 0.016 0.000 0.000 0.000 0.000
20 0.017 0.016 0.016 0.016 0.001 0.001 0.000 0.001
30 0.018 0.017 0.017 0.017 0.002 0.002 0.001 0.001
40 0.018 0.018 0.017 0.018 0.003 0.002 0.001 0.002
50 0.020 0.019 0.019 0.019 0.005 0.003 0.003 0.004
Key;
SD = DOM from saw dust in oxidation-reduction reaction
MC = DOM from maize cob in oxidation-reduction reaction
GH = DOM from ground nut husk in oxidation-reduction reaction
RH = DOM from rice husk in oxidation-reduction reaction
SD2 = DOM from saw dust in reduction reaction
MC2 = DOM from maize cob in reduction reaction
GH2 = DOM from ground nut husk in reduction reaction
RH2 = DOM from rice husk in reduction reaction
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Figure 4.17 Plots of rate of oxidation of AsO2
− by varying DOM (mL) obtained
from saw dust
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Figure 4.18 Plots of rate of oxidation of AsO2
− by varying DOM (mL) obtained
from maize cob
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Figure 4.19 Plots of rate of oxidation of AsO2
− by varying DOM (mL) obtained
from ground nut husk
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Figure 4.20 Plots of rate of oxidation of AsO2
− by varying DOM (mL) obtained
from rice husk
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Table 4.5 Pseudo-first order rate constants, kobs data for the oxidation of AsO2
− ion by
dissolved organic matter, DOM
Volume kobs (s-1) AsO2
−/DOM
(mL) Saw dust Maize cob G/nut husk Rice husk
10 0.000 0.000 0.000 0.000
20 0.001 0.000 0.000 0.000
30 0.001 0.001 0.001 0.001
40 0.002 0.002 0.001 0.001
50 0.003 0.002 0.002 0.002
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4.1.5 Determination of the pseudo first order rate constants, kpH, at varying pH
The reactions were also carried out at varying pH (2 – 10), and pseudo-first order plots
for the oxidation-reduction reaction involving AsO2
− and Cr2O7
2− ions at varying pH (2 –
10) are presented in Figure 4.21. Table 4.6 gives kpH values of the above reactions
which were done at λmax = 352 nm (and 571 nm), T = ambient (298 – 300 K), I = 0.1
mol L−1 (NaNO3 ), [AsO2
− ] = 0.08 mol L−1 and [Cr2O7
2− ] = 0.009 mol L−1 . The R2
values of the above reactions are contained in Appendix 7. The effects of DOM on the
rates of oxidation-reduction reaction involving AsO2
− and Cr2O7
2− ions at varying pH
(2 – 10) were again monitored and the results are presented in Figures 4.22, 4.23, 4.24
and 4.25 for DOM(SD), DOM(MC), DOM(GH) and DOM(RH) respectively. Table 4.6
gives the kpH values of the above reactions which were carried out at λmax = 352 nm (and
571 nm), T = ambient (298 – 300 K), I = 0.1 mol L−1 (NaNO3), 20 mL DOM, [AsO2
−] =
0.08 mol L−1 and [Cr2O7
2−] = 0.009 mol L−1 . Similarly, the pseudo-first order plots for
the reduction of Cr2O7
2− ion by DOM(SD2), DOM(MC2), DOM(GH2) and DOM(RH2)
at varying pH are presented in Figures 4.26, 4.27, 4.28 and 4.29 respectively. Table 4.6
gives the kpH values of the above reactions which were carried out at λmax = 352 nm (and
571 nm), T = ambient (298 – 300 K), I = 0.1 mol L−1 (NaNO3 ), 20 mL DOM and
[Cr2O7
2− ] = 0.009 mol L−1 . The pseudo-first order rate constants for the oxidation of
AsO2
− ion by DOM(SD2), DOM(MC2), DOM(GH2) and DOM(RH2) at varying pH
were also determined, and results obtained are presented in Figures 4.30, 4.31, 4.32 and
4.33 respectively. Table 4.7 gives the kpH values of the above reactions which were done
at λmax = 820 nm, 20.00 cm3 DOM, T = ambient (298 – 300 K), I = 0.1 mol L−1
(NaNO3 ), and [AsO2
− ] = 0.009 mol L−1 . The R2 values of the above reactions are
contained in Appendix 9.
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Figure 4.21 Effects of pH variation on the rate of reaction of AsO2
− and Cr2O7
2−
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Figure 4.22 Effects of adding DOM (mL) obtained from saw dust on the rates of
reaction of AsO2
− and Cr2O7
2− at varying pH
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Figure 4.23 Effects of adding DOM (mL) obtained from maize cob on the rates
of reaction of AsO2
− and Cr2O7
2− at varying pH
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Figure 4.24 Effects of adding DOM (mL) obtained from ground nut husk on the
rates of reaction of AsO2
− and Cr2O7
2− at varying pH
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Figure 4.25 Effects of adding DOM (mL) obtained from rice husk on the rates of
reaction of AsO2
− and Cr2O7
2− at varying pH
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Figure 4.26 Effects of pH on the rates of reduction of Cr2O7
2− by DOM (mL)
obtained from saw dust
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Figure 4.27 Effects of pH on the rates of reduction of Cr2O7
2− by DOM (mL)
obtained from maize cob
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Figure 4.28 Effects of pH on the rates of reduction of Cr2O7
2− by DOM (mL)
obtained from ground nut husk
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Figure 4.29 Effects of pH on the rates of reduction of Cr2O7
2− by DOM (mL)
obtained from rice husk
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Table 4.6 Pseudo-first order rate constants, kpH data for the redox reaction between
AsO2
− and Cr2O7
2− , in the presence of dissolved organic matter, DOM (mL) and
reduction of Cr2O7
2− by DOM (mL) at varying pH
pH kpH(s-1) for kpH(s-1) for AsO2
−/Cr2O7
2−/DOM kpH (s-1) for Cr2O7
2−/DOM
AsO2
−/Cr2O7
2− SD MC GH RH SD2 MC2 GH2 RH2
2 0.018 0.020 0.019 0.019 0.018 0.004 0.003 0.003 0.003
4 0.016 0.018 0.017 0.016 0.016 0.003 0.002 0.001 0.001
6 0.016 0.016 0.016 0.016 0.015 0.001 0.001 0.001 0.001
8 0.012 0.013 0.012 0.012 0.012 0.001 0.000 0.000 0.000
10 0.013 0.013 0.013 0.013 0.013 0.000 0.000 0.000 0.000
Key;
SD = DOM from saw dust in oxidation-reduction reaction
MC = DOM from maize cob in oxidation-reduction reaction
GH = DOM from ground nut husk in oxidation-reduction reaction
RH = DOM from rice husk in oxidation-reduction reaction
SD2 = DOM from saw dust in reduction reaction
MC2 = DOM from maize cob in reduction reaction
GH2 = DOM from ground nut husk in reduction reaction
RH2 = DOM from rice husk in reduction reaction
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Figure 4.30 Effects of pH on the rates of oxidation of AsO2
− by DOM (mL)
obtained from saw dust
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Figure 4.31 Effects of pH on the rates of oxidation of AsO2
− by DOM (mL)
obtained from maize cob
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Figure 4.32 Effects of pH on the rates of oxidation of AsO2
− by DOM (mL)
obtained from ground nut husk
141
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Figure 4.33 Effects of pH on the rates of oxidation of AsO2
− by DOM (mL)
obtained from rice husk
Table 4.7 Pseudo-first order, kpH data for the oxidation of AsO2
− by dissolved organic
matter, DOM (mL) at varying pH
pH kpH (s-1) for AsO2
−/DOM
Saw dust Maize cob G/nut husk Rice husk
2 0.000 0.000 0.000 0.000
4 0.000 0.000 0.000 0.000
6 0.001 0.001 0.001 0.001
8 0.001 0.001 0.001 0.001
10 0.002 0.002 0.002 0.002
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4.1.6 Determination of pseudo first order rate constants, kI, at varying ionic
strength (0.005 – 0.021 M NaNO3)
Effects of ionic strength on the rate of these reactions were also investigated at varying
[NaNO3] (0.005 – 0.021 mol L
−1 ), and the pseudo-first order plots for the oxidation-
reduction reaction involving AsO2
− and Cr2O7
2− ions at varying ionic strengths are
presented in Figure 4.34. Table 4.8 gives kI values of the above reactions which were
obtained at λmax = 352 nm (and 571 nm), pH = 6, T = ambient (298 – 300 K), [AsO2
−] =
0.08 mol L−1 and [Cr2O7
2− ] = 0.009 mol L−1 . The R2 values of the above reactions are
contained in Appendix 7. Rate of oxidation-reduction reaction involving AsO2
− and
Cr2O7
2− ions in the presence of DOM at varying ionic strengths were also monitored,
and the results are presented in Figures 4.35, 4.36, 4.37 and 4.38 for DOM(SD),
DOM(MC), DOM(GH) and DOM(RH) respectively. Table 4.8 has kI values of the
above reactions which were obtained at λmax = 352 nm (and 571 nm), pH = 6, T =
ambient (298 – 300 K), 20 mL DOM, [AsO2
− ] = 0.08 mol L−1 and [Cr2O7
2− ] = 0.009
mol L−1 . Also, pseudo-first order plots for the reduction of Cr2O7
2− ion by DOM(SD2),
DOM(MC2), DOM(GH2) and DOM(RH2) at varying ionic strengths are presented in
Figures 4.39, 4.40, 4.41 and 4.42 respectively. Table 4.8 gives the kI values of the above
reactions which were obtained at λmax = 352 nm (and 571 nm), pH = 6, T = ambient
(298 – 300 K), 20 mL DOM and [Cr2O7
2− ] = 0.009 mol L−1 . Pseudo-first order rate
constants for the oxidation of AsO2
− ion by DOM(SD3), DOM(MC3), DOM(GH3) and
DOM(RH3), at varying ionic strengths were also determined and the results are
presented in Figures 4.43, 4.44, 4.45 and 4.46 respectively. Table 4.9 gives the kI values
of the above reactions which were done at λmax = 820 nm, 20.00 mL DOM, T = ambient
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(298 – 300 K), pH = 6 and [AsO2
− ] = 0.009 mol L−1 . The R2 values of the above
reactions are contained in Appendix 10.
Figure 4.34 Effects of ionic strength (mol L−1) variation on the rate of reaction
of AsO2
− with Cr2O7
2−
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Figure 4.35 Effects of adding DOM (mL) obtained from saw dust on the rates of
reaction of AsO2
− with Cr2O7
2− at varying ionic strengths (mol L−1)
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Figure 4.36 Effects of adding DOM (mL) obtained from maize cob on the rates
of reaction of AsO2
− with Cr2O7
2− at varying ionic strengths (mol L−1)
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Figure 4.37 Effects of adding DOM (mL) obtained from ground nut husk on the
rates of reaction of AsO2
− with Cr2O7
2−at varying ionic strengths (mol L−1)
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Figure 4.38 Effects of adding DOM (mL) obtained from rice husk on the rates of
reaction of AsO2
− with Cr2O7
2− at varying ionic strengths (mol L−1)
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Figure 4.39 Effects of ionic strengths (mol L−1) on the rates of reduction of
Cr2O7
2− by DOM (mL) obtained from saw dust
151
Figure 4.40 Effects of ionic strengths (mol L−1) on the rates of reduction of
Cr2O7
2− by DOM (mL) obtained from maize cob
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Figure 4.41 Effects of ionic strengths (mol L−1) on the rates of reduction of
Cr2O7
2− by DOM (mL) obtained from ground nut husk
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Figure 4.42 Effects of ionic strengths (mol L−1) on the rates of reduction of
Cr2O7
2− by DOM (mL) obtained from rice husk
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Table 4.8 Pseudo-first order rate constants, kI data for the oxidation-reduction reaction
between AsO2
− and Cr2O7
2−, in the presence of dissolved organic matter, DOM (mL) and
reduction of Cr2O7
2− by DOM (mL) at varying ionic strength (0.005 – 0.021 mol L−1
NaNO3)
I AsO2
−/Cr2O7
2− kpH(s-1) for AsO2
−/Cr2O7
2−/DOM kpH (s-1) for Cr2O7
2−/DOM
(mol L−1) SD MC GH RH SD2 MC2 GH2 RH2
0.005 0.015 0.016 0.017 0.017 0.017 0.001 0.001 0.001 0.001
0.009 0.015 0.017 0.017 0.017 0.017 0.001 0.001 0.001 0.001
0.013 0.016 0.017 0.017 0.018 0.017 0.002 0.001 0.002 0.002
0.017 0.017 0.017 0.017 0.018 0.018 0.001 0.001 0.001 0.001
0.021 0.018 0.016 0.016 0.017 0.017 0.002 0.001 0.001 0.001
Key;
SD = DOM from saw dust in oxidation-reduction reaction
MC = DOM from maize cob in oxidation-reduction reaction
GH = DOM from ground nut husk in oxidation-reduction reaction
RH = DOM from rice husk in oxidation-reduction reaction
SD2 = DOM from saw dust in reduction reaction
MC2 = DOM from maize cob in reduction reaction
GH2 = DOM from ground nut husk in reduction reaction
RH2 = DOM from rice husk in reduction reaction
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Figure 4.43 Effects of ionic strengths (mol L−1) on the rates of oxidation of
AsO2
− by DOM (mL) obtained from saw dust
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Figure 4.44 Effects of ionic strengths (mol L−1) on the rates of oxidation of
AsO2
− by DOM (mL) obtained from maize cob
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Figure 4.45 Effects of ionic strengths (mol L−1) on the rates of oxidation of
AsO2
− by DOM (mL) obtained from ground nut husk
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Figure 4.46 Effects of ionic strengths (mol L−1) on the rates of oxidation of
AsO2
− by DOM (mL) obtained from rice husk
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Table 4.9 Pseudo-first order, kI data for the oxidation of AsO2
− ion by DOM (mL) at
varying ionic strength (0.005 – 0.021 mol L−1 NaNO3).
I kI(s-1) AsO2
−/DOM
(mol L−1) Saw dust Maize cob G/nut husk Rice husk
0.005 0.001 0.001 0.002 0.001
0.009 0.001 0.001 0.001 0.001
0.013 0.001 0.001 0.001 0.001
0.017 0.001 0.001 0.001 0.001
0.021 0.001 0.001 0.001 0.001
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4.1.7 Determination of the pseudo first order rate constants, kT, at varying
temperature
Effect of temperature on the rate of these reactions were also investigated over
temperature range; 273, 288 – 308 K, and the pseudo-first order plots for the oxidation-
reduction reaction involving AsO2
− and Cr2O7
2− ions at those varying temperatures are
presented in Figure 4.47. Table 4.10 gives the kT values of the above reactions which
were obtained at λmax = 352 nm (and 571 nm), pH = 6, I = 0.1 mol L−1 , [AsO2
−] = 0.08
mol L−1 and [ Cr2O7
2− ] = 0.009 mol L−1 . The R2 values of the above reactions are
contained in Appendix 7. Eyring’s and Arrhenius plots were also ploted, and the
activation parameters (activation energy, enthalpy change, ∆H and entropy change, ∆S)
for the oxidation-reduction reaction involving AsO2
− and Cr2O7
2− ions were obtained
from these plots as presented in Figures 4.48 and 4.49. Table 4.11 gives the values of
the above processes. Effects of DOM on the rate of oxidation-reduction reaction
involving AsO2
− and Cr2O7
2− ions at varying temperatures were also monitored, and the
results are presented in Figures 4.50, 4.53, 4.56 and 4.59 for DOM(SD), DOM(MC),
DOM(GH) and DOM(RH) respectively. Table 4.10 gives the kT values of the above
reactions which were obtained at λmax = 352 nm (and 571 nm), pH = 6, I = 0.1 mol L−1
NaNO3 , [AsO2
−] = 0.08 mol L−1 and [Cr2O7
2−] = 0.009 mol L−1 . Activation parameters
for the oxidation-reduction reaction involving AsO2
− and Cr2O7
2− ions in the presence of
DOM were obtained from the Eyring’s and Arrhenius plots; Figures 4.51 and 4.52 for
DOM(SD), Figures 4.54 and 4.55 for DOM(MC), Figures 4.57 and 4.58 for DOM(GH),
and Figures 4.60 and 4.61 for DOM(RH). Table 4.11 gives the values of the above
processes. Also, pseudo-first order plots for the reduction of Cr2O7
2− ion by DOM(SD2),
DOM(MC2), DOM(GH2) and DOM(RH2) at varying temperatures are presented in
Figures 4.62, 4.65, 4.68 and 4.71 respectively. Table 4.10 gives the kT values of the
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above reactions which were obtained at λmax = 352 nm and 571 nm), pH = 6, I = 0.1
mol L−1 NaNO3 , [Cr2O7
2− ] = 0.009 mol L−1 and 20 mL DOM. Activation parameters
for the reduction of Cr2O7
2− ion by DOM were obtained from the Eyring’s and
Arrhenius plots; Figures 4.63 and 4.64 for DOM(SD2), Figures 4.66 and 4.67 for
DOM(MC2), Figures 4.69 and 4.70 for DOM(GH2), and Figures 4.72 and 4.73 for
DOM(RH2). Table 4.11 gives the values of the above processes. The pseudo-first order
rate constants for the oxidation of AsO2
− ion by DOM(SD3), DOM(MC3), DOM(GH3)
and DOM(RH3) at varying temperatures were also determined and the results are
presented in Figures 4.74, 4.77, 4.80 and 4.83 respectively. Table 4.12 has kT values of
the above reactions which were done at λmax = 820 nm, 20.00 mL DOM, pH = 6, I = 0.1
mol L−1 ( NaNO3 ), and [ AsO2
− ] = 0.009 mol L−1 . Activation parameters for the
oxidation of AsO2
− ion by DOM were obtained from the Eyring’s and Arrhenius plots;
Figures 4.75 and 4.76 for DOM(SD3), Figures 4.78 and 4.79 for DOM(MC3), Figures
4.81 and 4.82 for DOM(GH3), and Figures 4.84 and 4.85 for DOM(RH3). Table 4.11
gives the values of the above processes. The R2 values of the above reactions are
contained in Appendix 11.
The rate of these reactions; AsO2
− /Cr2O7
2− /DOM, Cr2O7
2− /DOM and AsO2
− /DOM, were
also monitored at 273 K (0 oC). The pseudo-first order plots for oxidation-reduction
reaction involving AsO2
− and Cr2O7
2− ions in the presence of DOM at 273 K temperature
are presented in Figure 4.86. Table 4.10 gives the kT values of the above reactions
which were obtained at λmax = 352 nm (and 571 nm), pH = 6, I = 0.1 mol L−1 NaNO3 ,
[AsO2
−] = 0.08 mol L−1, [Cr2O7
2−] = 0.009 mol L−1 and 20 mL DOM. Rate of reduction
of Cr2O7
2− ion by DOM at 273 K temperature was also carried out, and the results are
presented in Figure 4.87. Table 4.10 gives the kT values of the above reactions which
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were obtained at λmax = 352 nm (and 571 nm), pH = 6, I = 0.1 mol L−1 NaNO3, [Cr2O7
2−]
= 0.009 mol L−1 and 20mL DOM. Again, plots for the oxidation of AsO2
− ion by DOM,
at 273 K temperature are presented in Figure 4.88. Table 4.12 gives the kT values of the
above reactions which were done at λmax = 820 nm, 20.00 mL DOM, pH = 6, I = 0.1
mol L−1 (NaNO3), and [AsO2
−] = 0.009 mol L−1 . The R2 values of the above reactions
are contained in Appendix 11.
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Figure 4.47 Effects of temperature (K) variation on the rate of reaction between
AsO2
− and Cr2O7
2−
165
Figure 4.48 Eyring plot of energy of activation for the redox reaction between
AsO2
− and Cr2O7
2−
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Figure 4.49 Arrhenius plot of energy of activation for the redox reaction
between AsO2
− and Cr2O7
2−
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Figure 4.50 Effects of temperature (K) variation on the rates of reaction between
AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from saw dust
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Figure 4.51 Eyring plot of energy of activation for the redox reaction between
AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from saw dust
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Figure 4.52 Arrhenius plot of energy of activation for the redox reaction
between AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from saw
dust
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Figure 4.53 Effects of temperature (K) variation on the rates of reaction between
AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from maize cob
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Figure 4.54 Eyring plot of energy of activation for the redox reaction between
AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from maize cob
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Figure 4.55 Arrhenius plot of energy of activation for the redox reaction
between AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from maize
cob
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Figure 4.56 Effects of temperature (K) variation on the rates of reaction between
AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from ground nut husk
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Figure 4.57 Eyring plot of energy of activation for the redox reaction between
AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from ground nut husk
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Figure 4.58 Arrhenius plot of energy of activation for the redox reaction
between AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from ground
nut husk
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Figure 4.59 Effects of temperature (K) variation on the rates of reaction between
AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from rice husk
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Figure 4.60 Eyring plot of energy of activation for the redox reaction between
AsO2
− and Cr2O7
2− in the presence of DOM (mL) obtained from rice husk
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Figure 4.61 Arrhenius plot of energy of activation for the redox reaction
between AsO2
− and Cr2O7
2− in the DOM (mL) obtained from rice husk
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Figure 4.62 Effects of temperature (K) on the rates of reduction of Cr2O7
2− by
DOM (mL) obtained from saw dust
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Figure 4.63 Eyring plot of energy of activation for reduction of Cr2O7
2− by DOM
(mL) obtained from saw dust
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Figure 4.64 Arrhenius plot of energy of activation for reduction of Cr2O7
2− by
DOM (mL) obtained from saw dust
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Figure 4.65 Effects of temperature (K) on the rates of reduction of Cr2O7
2− by
DOM (mL) obtained from maize cob
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Figure 4.66 Eyring plot of energy of activation for reduction of Cr2O7
2− by DOM
(mL) obtained from maize cob
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Figure 4.67 Arrhenius plot of energy of activation for the reduction of Cr2O7
2−
by DOM (mL) obtained from maize cob
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Figure 4.68 Effects of temperature (K) on the rates of reduction of Cr2O7
2− by
DOM (mL) obtained from ground nut husk
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Figure 4.69 Eyring plot of energy of activation for the reduction of Cr2O7
2− by
DOM (mL) obtained from ground nut husk
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Figure 4.70 Arrhenius plot of energy of activation for the reduction of Cr2O7
2−
by DOM (mL) obtained from ground nut husk
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Figure 4.71 Effects of temperature (K) on the rates of reduction of Cr2O7
2− by
DOM (mL) obtained from rice husk
189
Figure 4.72 Eyring plot of energy of activation for the reduction of Cr2O7
2− by
DOM (mL) obtained from rice husk
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Figure 4.73 Arrhenius plot of energy of activation for the reduction of Cr2O7
2−
by DOM (mL) obtained from rice husk
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Table 4.10 Pseudo-first order, kT data for the oxidation-reduction reaction between
AsO2
− and Cr2O7
2− , in the presence of dissolved organic matter, DOM (mL) and
reduction of Cr2O7
2− by DOM (mL) at varying temperatures (273, 288 – 308 K).
T kT(s-1) AsO2
−/Cr2O7
2− kT (s-1) for AsO2
−/Cr2O7
2−/DOM kT (s-1) for Cr2O7
2−/DOM
(K) SD MC GH RH SD2 MC2 GH2 RH2
273 0.009 0.009 0.008 0.008 0.003 0.002 0.002 0.002
288 0.006 0.008 0.008 0.008 0.008 0.000 0.000 0.000 0.000
293 0.008 0.010 0.010 0.011 0.011 0.001 0.001 0.000 0.000
298 0.015 0.016 0.016 0.016 0.016 0.001 0.001 0.001 0.001
303 0.020 0.023 0.022 0.021 0.022 0.002 0.002 0.001 0.001
308 0.022 0.027 0.026 0.026 0.026 0.004 0.003 0.003 0.003
Key;
SD = DOM from saw dust in oxidation-reduction reaction
MC = DOM from maize cob in oxidation-reduction reaction
GH = DOM from ground nut husk in oxidation-reduction reaction
RH = DOM from rice husk in oxidation-reduction reaction
SD2 = DOM from saw dust in reduction reaction
MC2 = DOM from maize cob in reduction reaction
GH2 = DOM from ground nut husk in reduction reaction
RH2 = DOM from rice husk in reduction reaction
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Table 4.11 Activation parameters (activation energy, enthalpy change and entropy
change) of the oxidation-reduction/reduction/oxidation reactions; A, B, C and D.
Nature of Reaction Activation Enthalpy Entropy
Energy, Ea Change, ∆H Change, ∆S
kJmol-1kJmol-1Jmol-1K-1
AsO2
−/Cr2O7
2− 52.01 -49.54 -114.92
AsO2
−/Cr2O7
2−/SD 48.22 -45.74 -126.15
AsO2
−/Cr2O7
2−/MC 46.46 -43.98 -132.20
AsO2
−/Cr2O7
2−/GH 44.38 -42.14 -135.30
AsO2
−/Cr2O7
2−/RH 45.07 -42.60 -134.68
Cr2O7
2−/SD 72.44 -69.95 -65.26
Cr2O7
2−/MC 59.64 -57.13 -108.50
Cr2O7
2−/GH 83.31 -80.85 -32.59
Cr2O7
2−/RH 83.31 -80.85 -32.59
AsO2
−/SD 83.31 -80.85 -32.59
AsO2
−/MC 52.60 -50.08 -135.21
AsO2
−/GH 52.60 -50.08 -135.21
AsO2
−/RH 52.60 -50.08 -135.21
Key: A = AsO2
−/Cr2O7
2−
B = AsO2
−/Cr2O7
2−/DOM
C = Cr2O7
2−/DOM
D = AsO2
−/DOM
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Figure 4.74 Effects of temperature (K) on the rates of oxidation of AsO2
− by
DOM (mL) obtained from saw dust
195
Figure 4.75 Eyring plot of energy of activation for the oxidation of AsO2
− by
DOM (mL) obtained from saw dust
196
Figure 4.76 Arrhenius plot of energy of activation for the oxidation of AsO2
− by
DOM (mL) obtained from saw dust
197
Figure 4.77 Effects of temperature (K) on the rates of oxidation of AsO2
− by
DOM (mL) obtained from maize cob
198
Figure 4.78 Eyring plot of energy of activation for the oxidation of AsO2
− by
DOM (mL) obtained from maize cob
199
Figure 4.79 Arrhenius plot of energy of activation for the oxidation of AsO2
− by
DOM (mL) obtained from maize cob
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Figure 4.80 Effects of temperature (K) on the rates of oxidation of AsO2
− by
DOM (mL) obtained from ground nut husk
201
Figure 4.81 Eyring plot of energy of activation for the oxidation of AsO2
− by
DOM (mL) obtained from ground nut husk
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Figure 4.82 Arrhenius plot of energy of activation for the oxidation of AsO2
− by
DOM (mL) obtained from ground nut husk
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Figure 4.83 Effects of temperature (K) on the rates of oxidation of AsO2
− by
DOM (mL) obtained from rice husk
204
Figure 4.84 Eyring plot of energy of activation for the oxidation of AsO2
− by
DOM (mL) obtained from rice husk
205
Figure 4.85 Arrhenius plot of energy of activation for the oxidation of AsO2
− by
DOM (mL) obtained from rice husk
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Table 4.12 Pseudo-first order, kT data for the oxidation of AsO2
− by DOM (mL) at
varying temperatures (273, 288 – 308 K).
T kT(s-1) AsO2
−/DOM
(K) Saw dust Maize cob G/nut husk Rice husk
273 0.002 0.002 0.002 0.001
288 0.000 0.000 0.000 0.000
293 0.000 0.000 0.000 0.000
298 0.001 0.001 0.001 0.001
303 0.001 0.001 0.001 0.001
308 0.003 0.002 0.002 0.002
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Figure 4.86 Effects of DOM (mL) on the rates of redox reaction between AsO2
−
and Cr2O7
2− at 273 K
208
Figure 4.87 Plots of rate of reduction of Cr2O7
2− by DOM (mL) at 273 K
209
Figure 4.88 Plots of rate of oxidation of AsO2
− by DOM (mL) at 273 K
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4.2 Discussion
4.2.1 Spectra consideration of the solutions used
The reaction between Cr2O7
2− and AsO2
− or AsO2
− /DOM (dissolved organic matter,
DOM obtained from saw dust, SD, maize cob, MC, ground nut husk, GH, and rice husk,
RH), led to the reduction of Cr2O7
2− by AsO2
− and/or DOM leading to the change in
colour of Cr2O7
2− from yellow Cr(VI) to green Cr(III). At the same time the oxidation of
AsO2
− by DOM to As(V) was detected by the formation of a blue complex known as
molybdenum blue salt {a product of ammonium molybdate(VI) with As(V) ions (in the
environment of hydrazine sulphate)} as reported previously by Niedzielski and Siepak,
[297] and Rao, et al [298]. The wavelengths of maximum absorption, λmax for these
solutions were obtained by plots of absorbances versus wavelengths, and found as 352
nm for Cr(VI), 571 nm for Cr(III) and 820 nm for the molybdenum blue solution using
UV-visible spectrophotometer.
The absorption of electromagnetic radiations in the UV region of the spectrum results in
transitions between electronic energy levels, that is, metal ions can absorb visible light
because electrons in the metal atoms can be excited from one electronic state to another
[296]. In Figures 4.1 and 4.2 above, the bands correspond to the d – d transitions; the
redistribution of electrons among orbitals that are mainly localised on the metal atoms
or charge-transfer (CT) transitions involving the metal d-orbitals. Typically, the bands
above 300 nm and below 850 nm, involve the motion of electrons from an essentially
ligand-based orbital to an essentially metal-based. This makes charge to be transferred
from one atom to another. In general, it is referred to as ligand–to–metal charge–transfer
(LMCT). CT bands are observed if the energies of empty and filled ligand- and metal-
centered orbitals are similar. It occurs within the visible or near UV region of the
spectrum, this is in line with other researchers Iorhuna, [296] and Amira, et al [306].
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Thus the kinetic studies were done using UV-visible spectrophotometry and at the
established wavelengths of maximum absorbances of the solutions used.
4.2.2 Characterisation of the dissolved organic matter (DOM) samples
The DOM samples were characterised by measuring the content of their humic
materials. In achieving this, 300 mL each from the DOM samples were freeze dried
using a freeze drier, after which the DOM samples were characterised by UV-visible
and FTIR spectrophotometers [12 and 303].
UV-visible and FTIR spectroscopy are powerful tools that can be used in the
identification of complex (organic) compounds. These enable chemists to obtain
absorption spectra of compounds that are a unique reflection of their molecular
structures (including bands of humic materials) [307].
From the UV-visible spectra of these DOM samples (Appendix 2), it can be seen that the
wavelength of maximum absorption were found as 250 nm DOM(SD), 260 nm
DOM(MC), 256 nm DOM(GH) and 260 nm DOM(RH). In all cases the UV-visible
spectra have shown similarities in the peaks. The UV-visible spectra data of the DOM
samples were recorded in ethanol in the wavelength range 200 - 600 nm at ambient
temperature (298 – 300 K), using a 1.0 cm quartz cell, reference was pure water. Samples
were diluted to maintain the maximal response This was also reported by Shie-Jie, [308].
The characteristic energy of a transition and the wavelength of radiations absorbed are
properties of a group of atoms rather than of electrons themselves. The group of atoms
producing such absorption is called a chromophore [309]. The electronic spectra data of
humic materials have λmax at 254 nm [310]. These UV-visible spectral data from the DOM
samples might have been contributed by phenolic, aromatic carboxylic, and polycyclic
aromatic compounds of the humins [308]. The bands may be attributed to π → π* and n
→ π* transitions [308 and 309].
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The IR spectra of the various DOM samples have been obtained (Appendix 3 - 6),
(Table 4.3 has the spectra data for these bands). They have a variety of bands typical of
those for humic materials (humic and fulvic acids) as reported by Helal, et al, [307],
Shie-jie, et al, [308] and Silverstein, et al, [309]. The major absorption bands are found in
the regions of 2500 – 3500 cm−1 and 650 - 770 cm−1 (O-H stretching and out of plane
bending groups), 2500 – 3500 cm−1, 1350 – 1470 cm−1 and 690 – 900 cm−1 (C–H
stretching, deformation, and bending and ring puckering respectively), 1650 –
1800 cm−1 (C=O stretching of COOH), 1620 – 1680 cm−1 (alkene/aromatic C=C
stretching), 970 – 1250 cm−1 (C–O stretching of alcohols/phenols) 880–995 cm−1 and
1395 – 1440 cm−1 (=C–H out of plane bending/C-O-H bending). These spectra
evidently show predominance of OH and COOH groups which are the most
characteristic features of humic materials. It is obvious that the IR results are in good
agreement with the other characterisation findings as reported by Helal, et al, [307],
Shie-jie, et al, [308] and Silverstein, et al, [309].
On the basis of the UV-visible and Infra-red spectrophotometric analysis, it can be said
that, those samples (obtained from saw dust, SD, maize cob, MC, ground nut husk, GH,
and rice husk, RH) contained DOM that also evidently reduced Cr(VI) to Cr(III) {as the
colour changed from yellow Cr(VI) to green Cr(III)} and oxidised As(III) to As(V) {as
there was a molybdenum blue complex, formed between As(V) and ammonium
molybdate in an environment of hydrazine sulphate}. Also, the similarity of these
absorption bands indicated that many similar structural and functional groups existed in
the DOM from the various agro wastes.
4.2.3 Reaction stoichiometry
The calculation (appendix 1) of the concentrations at the equivalence point of the UV-
visible spectrophotometric titration (as shown in Figure 4.3) gave the stoichiometry of
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the reaction as 1 : 3 (Cr2O7
2− : AsO2
− ). Similar stoichiometry has been reported for the
reaction between paracetamol and dichromate ion [304, 311].
Cr2O7
2− + 3C8H̴NO2 + 8H
+ → 2Cr3+ + 3C8H7NO2 + 7H2O (4.1)
The equation for the reaction between Cr2O7
2− and AsO2
− ions is given as;
Cr2O7
2− + 3AsO2
− + 8H+ → 2Cr3+ + 3AsO3
− + 4H2O (4.2)
4.2.4 Test for free radicals
Addition of acrylamide to the partially oxidised/reduced reaction mixture of As(III)/Cr
(VI), at pH = 6, T = ambient (298 – 300 K) and I = 0.1 mol L−1, showed no gel formation
on addition of excess methanol to the reaction mixture. Therefore free radicals may not
have been produced as intermediates in the reaction [305].
4.2.5 Effect of initial concentration on the reaction rate
In considering the effects of concentration on the reaction rates, varying amounts of
AsO2
− ions (0.02, 0.04, 0.06, 0.08 and 0.10 mol L−1 ) were used against a fixed Cr2O7
2−
ion concentration (0.009 mol L−1) and varying amounts of Cr2O7
2− ions (0.02, 0.04, 0.06,
0.08 and 0.10 mol L−1 ) were also used against a fixed AsO2
− ion concentration (0.009
molL-1). These reactions were monitored using UV-visible spectrophotometer at
ambient temperature (298 – 300 K), ionic strength of 0.1 mol L−1 NaNO3 , pH of 6 and
time intervals of 15, 30, 45, 60 and 75 s for each amount of the substance. Pseudo-first
order plots of ln[At–A∞/A0-A∞] versus time were made from the reactions involving
AsO2
− ion and Cr2O7
2− ion. From these plots; the oxidation-reduction reactions (of AsO2
−
with Cr2O7
2−) were linear to more than 70% extent of the reactions as shown in Figures
4.4 and 4.6 having regression values, r2 in the range of 0.940 – 0.996 . The linearity of
the plots suggested that the reactions were first order in both AsO2
− and Cr2O7
2− ions.
Table 4.1 summarizes the values of kobs for the oxidation-reduction reaction involving
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AsO2
− and Cr2O7
2− ions and the results showed an increase in kobs values with increase in
concentration in both cases (that is at varying AsO2
− ions and at varying Cr2O7
2− ions).
The kobs values were found as 0.005 s-1 and 0.007 s-1 at 0.02 mol L−1 , and 0.022 s-1 and
0.024 s-1 at 0.10 mol L−1 for AsO2
− ion and Cr2O7
2− ion respectively. Also, plots of
logkobs versus log[AsO2
−] and logkobs versus log[Cr2O7
2−] in Figures 4.5 and 4.7 showed a
linear relationship (having regression of 0.989 and 0.957) with the slopes of
approximately 1.00; further supporting that the reaction is first order in AsO2
− and
Cr2O7
2− ions. Hence, the reaction is second order overall, which is in agreement with
other works [296 and 311]. Therefore the rate equation for the reaction is as follows
             dt
           -d[Cr2O7
2-]  =  k2[Cr2O7
2-][AsO2
-]                         (4.3)
These results (of oxidation-reduction reactions of AsO2
− and Cr2O7
2− ) showed fast rates,
with the reactions completing almost before the 75 seconds maximum time for our
studies, and the reactions increased with increase in both AsO2
− ions and Cr2O7
2− ions
concentrations. These reactions (or observations) are possible because of the wide
variation in the electrode potential of the ions (redox couples) involved; Cr2O7
2− /Cr(III),
Eo = +1.38 V and AsO2
− /As(V), Eo = -0.56 V [14 and 49]. Also, the reactions rate
increased with increase in the concentrations of both Cr2O7
2− and AsO2
− ions as most
reactions are faster at higher concentrations because of the resulting more effective
collisions from the molecular collisions of the molecules in solution with one another
[265].
From Table 4.1 it can be seen that, the kobs values are higher at varying Cr2O7
2− ion
concentrations than for AsO2
− ion concentrations; [0.007 s-1, 0.011 s-1, 0.013 s-1 at 0.02
mol L−1 , 0.04 mol L−1 and 0.06 mol L−1 Cr2O7
2− ion concentrations against 0.005 s-1,
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0.009 s-1, 0.012 s-1 at 0.02 mol L−1 , 0.04 mol L−1 and 0.06 mol L−1 AsO2
− ion
concentrations]. This could be because of the higher electrode potential of Cr2O7
2− ion
over AsO2
− ion or because of the fact that, the pH at which the studies were conducted
favoured the Cr2O7
2− ion over AsO2
− ion. As Cr2O7
2−/Cr(III) redox couple has (Eo = +1.38
V) and AsO2
− /As(V) redox couple has (Eo = -0.56 V) [14 and 49]. Again, the reactions
were conducted at pH = 6 (about the pH of natural waters) and the concentrations of
these ions are pH dependent as Cr2O7
2− ion is more in solution as HCrO4
− ion at this pH
and strongly oxidising. Thus at this pH the concentration of HCrO4
− was high coupled
with high electrode potential (Figure 2.4) made the kobs values at varying Cr2O7
2−
concentrations to be higher than those of the AsO2
− [49, 166 and 197]. Moreover, AsO2
−
dominates as H2AsO3
− at alkaline pHs with low electrode potential which might lead to
low reaction rates (kobs values), as we react it with Cr2O7
2− ions at slightly acidic
solutions (pH = 6) [14, 49].
The oxidation-reduction reactions of AsO2
− and Cr2O7
2− showed rapid rates with the
reactions completing almost before the 75 seconds maximum time for this study and the
reactions increased with increase in both AsO2- ions and Cr2O7
2− ions concentrations, but
the reaction rate was faster with Cr2O7
2− ions than wth AsO2- ions.
4.2.6 Effect of iron(III) ions on the rate of reaction between     
− and      
 −
Based on the composition of natural waters, and also the presence of oxygen, iron can
occur in the form of di- or trivalent states in its compounds. Due to oxidation and
reduction processes that depend on the ambient oxygen conditions, the electrode
potential and the pH of the water, zones of occurrence of iron compounds can be
established in deep bodies of standing water. Near the bottom, where reduction
processes occur, iron(II) is prevalent, but closer to the surface, where the concentration
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of oxygen is greater, iron(III) is dominant [312]. The oxidation-reduction reaction of
AsO2
− and Cr2O7
2− was monitored in the presence of Fe3+ ions. From Figure 4.8 and
Table 4.2, the rate of the reaction was considered and the results showed that rate was
unaffected within the concentrations range (0.001 - 0.009 mol L−1 ) Fe3+ ions solution.
This seems to agree with the fact that, Fe3+ ions have lower oxidising potential
(Fe3+ /Fe2+ , Eo = +0.77 V) than the Cr2O7
2− (Cr॑+ /Cr3+ , Eo = +1.33 V) [40 and 49].
Again, the reason may be that, the concentrations range used in this study was not
enough to out power the oxidising capacity of the Cr2O7
2− ions, hence the redox process
was as though there were no Fe3+ ions present in solution.
Whence, the rate of oxidation-reduction reaction of AsO2
− and Cr2O7
2− ions was not
affected by Fe3+ ions within the concentrations range monitored. However, it has been
reported that Fe2+ plays an important role in the oxidation of As(III) by H2O2 [132].
4.2.7 Effect of dissolved organic matter (DOM) on the reaction rates
Dissolved organic matter (DOM) is known to serve as both an electron donor and
electron acceptor during redox reactions, which is an important factor influencing Cr
and As biogeochemistry in the environment as reported by Wittbrodt and Palmer, [276]
and Redman, et al, [277]. Biochar, a low-density carbon-rich material produced by
heating biomass under low temperature and minimum oxygen, is widely used as a soil
conditioner and fertilizer. Over time, biochar particles release DOM to soil and water
due to natural weathering or oxidative depolymerisation of biochar as reported by
Steiner, et al, [280]. In addition, a large portion of the organic carbon in soils and
sediments might be of biochar origin (5 – 40 %). Hence, biochar-derived DOM may
play an important role in Cr(VI) and As(III) transformation and speciation in
waters/soils. According to Martina and Miloslav, [313] and Kipton, et al, [314], the
DOM comprises humic substances whose classification is based on their solubility in
217
water and composition as; Humins, Humic acids and Fulvic acids. Various agricultural
waste products including; wood sawdust, rice husk, maize cob and ground nut husks
were used as sources of biochar and/or organic matter, which were seen to reduce Cr(VI)
to Cr(III), [as seen in the change in colour of Cr2O7
2− ions from yellow to green], and
oxidised As(III) to As(V), [as seen in the formation of molybdenum blue salt:- a
product of ammonium molybdate(VI) with As(V) ions (in the environment of hydrazine
sulphate)]. This observations agreed with other researchers who carried out studies on
similar work Xiaoling, et al, [12], Niedzielski1 and Siepak, [297] and Rao, et al, [298].
After the agro waste materials were pyrolysised to obtain the biochar, and subsequently
converted to dissolved organic matter (DOM). The amount of DOM in the filtrates were
determined by Walkley-Black titrimetric method [300 and 301], and was found to
contain approximately 0.2592 % DOM from ground nut husk, DOM(GH), 0.2738 %
DOM from maize cob, DOM(MC), 0.2640 % DOM from rice husk, DOM(RH) and
0.2933 % DOM from saw dust, DOM(SD). The percentage weight/volume of these
sampled agro wastes were found to be of the order; DOM(SD) > DOM(MC) >
DOM(RH) > DOM(GH). These seem to agree with the percentage lingnocellulosic
fibrous material content of these agro waste substances, as saw dusts was shown to have
higher pulp material in it than the others [315].
Considering the oxidation-reduction reaction of AsO2
− and Cr2O7
2− ions in the presence of
DOM, Figures 4.9, 4.10, 4.11, 4.12 and Table 4.4, the pseudo first order rate constants,
kobs of these reactions at varying percentages weight/volume of DOM(SD), DOM(MC),
DOM(GH) and DOM(RH) were determined. The reaction rates (Table 4.4) showed that,
DOM has no effect on the reaction rates at the initial volumes (10 – 20 mL) used, but
turned to increase the rate as the volumes increased (30 – 50 mL), the kobs values of
these reactions in the absence of DOM were found as 0.016 s-1 and 0.017 s-1 for the
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reaction between AsO2
− and Cr2O7
2− ions at 0.08 mol L−1 (AsO2
− and Cr2O7
2−), and were
found as 0.018 s-1, 0.018 s-1, 0.017 s-1 and 0.018 s-1 at the same 0.08 mol L−1 of the
metal ions but in the presence of 40 mL DOM(SD), DOM(MC), DOM(GH) and
DOM(RH) respectively. It wass even higher with 50 mL weight/volume of DOM.
However, the increased rate is highest with DOM(SD) (0.017 s-1 for DOM(SD) against
0.016 s-1 for others at 20 mL and 0.020 s-1 for DOM(SD) against 0.019 s-1 for the others
at 50 mL). It is fairly the same with the other agro wastes, this may be in line with the
higher weight/volume percent of the DOM(SD) compare with DOM(MC), DOM(GH)
and DOM(RH).
Also, the pseudo-first order plots for the reduction reactions involving Cr2O7
2− ion with
DOM(SD2), DOM(MC2), DOM(GH2) and DOM(RH2) are presented in Figures 4.13,
4.14, 4.15 and 4.16 respectively. Table 4.4 gives the kobs values of these reactions and
can be seen that, the reaction rates increased with percentage weights/volumes DOM,
but has no observable reaction rate at very low volumes (at 10 mL), these also agree
with the fact that, reactions proceed at faster rate when concentrations are high because
of increased effective collisions resulting to faster rate of reaction [265]. Similarly, the
effect of DOM on reduction reaction is highest with DOM(SD) compare with
DOM(MC), DOM(GH) and DOM(RH).
The intensity of the colour of molybdenum blue complex is significantly affected by the
concentration of hydrazine sulphate in the solution and the concentration of ammonium
molybdate(VI) which forms a complex with As(V) ions as reported by Hammes, et al,
[303]. The effect of concentrations of ammonium molybdate and hydrazine sulphate on
the formation of molybdenum blue complex were optimised by varying the volumes of
2.5 % ammonium molybdate solution and 0.5 mol L−1 hydrazine sulphate, and found as
2 mL : 1 mL ammonium molybdate to hydrazine sulphate.
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Oxidation of AsO2
− by DOM was also considered at similar conditions. Figures 4.17,
4.18, 4.19 and 4.20 have the plots of rate of oxidation reaction of AsO2
− ion with
DOM(SD3), DOM(MC3), DOM(GH3) and DOM(RH3) respectively, and Table 4.5
gives the kobs values of these reactions. Similarly, the reaction rate was found to increase
with increase in volumes of the DOM, but there were no observable rate at 10 mL. The
non observable rate of reaction at very low weight/volume percentage(s) could be due to
the fact that, the time range for our reactions were not long enough to notice what has
taken place including reduction of Cr2O7
2− by 10 mL percentage weight/volume DOM
and oxidation of AsO2
− by 10 mL percentage weight/volume DOM.
Comparatively, the reduction of Cr2O7
2− ion by DOM seem to be faster than oxidation of
AsO2
− by DOM under the conditions considered, this could be because of higher Cr2O7
2−
ion concentration at the pH of the reaction than the concentration of AsO2
− ion since the
metals speciation is a function of pH as reported by Brookins, [49], and humic materials
are present in solution over the prevailing pH as reported by Xiaoling, et al, [12] and
Martina and Miloslav, [313]. The more acidic the pH the less HAsO3
2− ions in solution,
and the concentration of HCrO4
− ion (and strongly oxidising) is more in solution at this
pH (6), hence reaction proceeded at a faster rate.
4.2.8 Effect of pH on the reaction rate
Figure 4.21 and Table 4.6 have the rate of oxidation-reduction reaction between AsO2
−
and Cr2O7
2− ions at varying pH, and the results showed that, rate decreased with increase
in pH of the acidic range and increased with increase in pH of the alkaline range. The
rate was greatest at pH = 2 and slowest at pH = 8. This can be explained on the basis
that, the availability of AsO2
− and Cr2O7
2− (species that take part in redox reactions) in an
aqueous environment is dependent on pH (Figures 2.1, 2.2 and 2.4) [14, 38 and 49].
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That is, AsO2
− exist in aqueous solution at pH’s above 8 and below 13 (with dominance
as H2AsO3
− - especially at low concentrations), and as the pH increases more of the
H2AsO3
− ions [14 and 49] are present in solution giving rise to greater effective
collisions which results to more Cr2O7
2− ions combining (or accepting electrons to
become reduced) with AsO2
− to give the product hence the higher kpH (0.013 s-1 at pH of
10 against 0.012 s-1 at pH of 8) at very basic pH as seen in Table 4.6. On the other hand,
Cr(VI) exhibit varying ionic species in solution as the pH changed from 2 - 10; the
dominant forms include HCrO4
− at pH 1 - 6 and CrO4
2− at pH >6, other forms are also
possible, HCr2O7
− and Cr2O7
2− (with their formation requiring Cr(VI) concentration to be
greater than 0.1 mol L−1) [312 and 316]. This is however dependent on the nature of the
acid used, as HCl results to the formation of chlorochromate ion [ CrO3Cl
−] , while
sulphuric acid gives a sulphato complex [CrO3(OSO3)
2− ], hence the choice of HNO3
acid for this research [316]. The ease of reduction of the Cr(VI) species is of the order
HCrO4
− > CrO4
2− > HCr2O7
− > Cr2O7
2− . Thus, the decrease in the reaction rate with
increase in pH can be attributable to the presence of HCrO4
− ions at lower pH (pH = 2),
which is more reducing than CrO4
2− , as evident in the rate studies with the kpH values at
pH = 2 (0.018 s-1) being much higher than that at say pH = 8 (0.012 s-1, Table 4.6)
Moreover, the increase in rate constant with increasing [H+] or decrease in pH seems to
suggest the protonation of Cr2O7
2− to give H2CrO4 or HCrO4
− , (Equation 4.2) [184, 311
and 316].
Again, Figures 4.22, 4.23, 4.24 and 4.25 have plots of rate of reaction of AsO2
− and
Cr2O7
2− ions at varying pH, in the presence of DOM(SD), DOM(MC), DOM(GH) and
DOM(RH). Table 4.6 contain pseudo-first order rate constant, kpH values for the
oxidation-reduction reaction between AsO2
− and Cr2O7
2− ions in the presence of
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DOM(SD), DOM(MC), DOM(GH) and DOM(RH) at varying pH. The results as
presented, showed an enhanced rate at lower (acidic, especially at pH = 2) pH (0.020 s-1,
0.019 s-1, 0.019 s-1 and 0.018 s-1 in the presence of DOM(SD), DOM(MC), DOM(GH)
and DOM(RH), and 0.018 s-1 when there was no DOM) which may agree with the
dominant HCrO4
− ions over CrO4
2− ions, making them react faster with the AsO2
− and
DOM, and the reaction being monitored with respect to change in the concentration
(colour) of Cr(VI), similar effect was observed by Xiaoling, et al, [12]. Furthermore, at
higher pH, there may have been effect of the DOM on the ions, but may not be
reasonable enough to be evident on the reaction rate as seen in the kpH values.
Also, Figures 4.26, 4.27, 4.28 and 4.29 have plots for the reduction of Cr2O7
2− ion by
DOM(SD2), DOM(MC2), DOM(GH2) and DOM(RH2) respectively, at varying pH.
Table 4.6 contains rate constant values of these reactions and the rate decreased with
increase in pH. The reaction rates showed the non availability of HCrO4
− ions at basic
pH, for the oxidation of organic matter as reported by Xiaoling, et al, [12]. Reaction
(reduction of Cr2O7
2− ) might have taken place at such pH (8-10), but not reasonable
enough to be detected within the 75 seconds used. Also, the major part of humic
material (Fulvic acid) which is responsible for oxidation by Cr2O7
2− ion is soluble over
all pH, they have the highest oxygen content than others, have smaller sizes, have
many –COOH and C-OH groups, making them more chemically reactive as reported by
Martina and Miloslav, [313] and Kipton, et al, [314]. The redox reaction [reduction of
Cr(VI) and oxidation of DOM] can be expressed in Equation 4.4, as reported by
Xiaoling, et al, [12] as;
HCrO4
− + DOM+ 7H+ → Cr3+ + Partially oxdised DOM+ CO2 + 4H2O (4.4)
Equation 4.4 indicated the involvement of protons in the reduction of Cr(VI) by DOM.
Hence, as the pH changed from 2 – 6 – 10, there is depletion in protons and the rate turn
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to decrease, given kpH values as 0.004, 0.001 and 0.000 s-1 at pH of 2, 6 and 10
respectively for DOM(SD2). The rates were also higher with DOM(SD2) than with
DOM(MC2), DOM(GH2) and DOM(RH2) as reactions proceed faster when
concentrations are higher.
Moreover, the speciation of these ions as a function of pH is reflected in the reaction
rate for the oxidation of AsO2
− by DOM. Figures 4.30, 4.31, 4.32 and 4.33 have plots of
reactions of AsO2
− with DOM(SD3), DOM(MC3), DOM(GH3) and DOM(RH3)
respectively. Table 4.7 has the values of the above reactions, where the rate of reactions
increased with increase in pH, that is, at higher pH there is more of the AsO2
− (H2AsO3
−)
ions in solution which could collide faster with the DOM resulting to more effective
collisions and the redox exchange process occured at a faster rate and the rate increased
[49, 311 and 316].
Besides serving as an electron donor, DOM is also known to serve as an electron
acceptor. Redman, et al. [277] reported that DOM samples collected from Brazil and
US rivers oxidized As(III) significantly. However, the effect of biochar-derived DOM
on As(III) oxidation is unclear. The redox reaction [oxidation of As(III) and reduction
of DOM] can be expressed in Equation 4.5, as reported by Xiaoling, et al, [12] as;
HAsO2 + 3OH
− + DOM → H2AsO4
− + reduced DOM+ H2O (4.5)
Equation 4.5 also indicated the involvement of hydroxyl ions in the oxidation of As(III)
by DOM. Hence, as the pH changed from 2 - 8 – 10, there is increase in hydroxyl ions
concentration and the rate turn to increase, given kpH values as 0.000, 0.001 and 0.002 s-
1 at pH of 2, 8 and 10 respectively for DOM(SD3).
The speciation of metal ions in aqueous environment is affected by pH. This is evident
in the redox studies of the AsO2
− and Cr2O7
2− ions conducted, as the reactions rate vary
with the pH of these solutions. The rate was highest at lower pH than at higher pH for
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the AsO2
−/Cr2O7
2− couple and in the presence of DOM, it is higher at lower pH when
reduction of Cr2O7
2− ion by DOM was monitored and higher at increased pH when the
oxidation of AsO2
− ion by DOM was carried out. In most cases, the kobs values were
highest with DOM(SD).
4.2.9 Effects of ionic strength change on the reaction rate
Effects of Ionic Strength on the rate of oxidation-reduction reaction between AsO2
−
and Cr2O7
2− ions was investigated over the range 0.001 – 0.021 mol L−1 (NaNO3 ). The
results as presented in Figure 4.34 and Table 4.8 showed that, the reaction rate increased
with increase in ionic charge of the solution. This seems to agree with the Kumar, [270]
and Hughes-Jones, et al, [271] in terms of favourable interactions between the reactants
and activated complex and the ionic atmosphere of oppositely charged ions which
surround them in solution. Here, the charges on AsO2
− and Cr2O7
2− ions have the same
sign, thus, the activated complex formed may be more highly charged than the reactants
( AsO2
− and Cr2O7
2−) . Increasing the ionic strength of the reaction solution therefore
stabilised the activated complex more than the reactants, and thus increase the rate
constant by lowering the effective activation energy. Similarly, effects of ionic strength
on the rate of oxidation-reduction reaction between AsO2
− and Cr2O7
2− ions in the
presence of DOM were investigated. The results are presented in Figures 4.35, 4.36,
4.37 and 4.38 for DOM(SD), DOM(MC), DOM(GH) and DOM(RH) respectively.
Table 4.8 gives kI values of the above reactions, and the results show that, the reaction
rate is fairly constant, indicating that the reaction is independent of ionic strength of the
solution. Here, a third reactant is involved, DOM whose ionic charge is unknown and
this may, in a simple picture, cause no change in the rate constant with change in ionic
strength of the reaction as it is observed in this study.
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The reduction of Cr2O7
2− ion and oxidation of AsO2
− ion by DOM were also monitored
at varying ionic strength. Figures 4.39, 4.40, 4.41 and 4.42 gives the plots for rate of
reduction of Cr2O7
2− ion by DOM(SD2), DOM(MC2), DOM(GH2) and DOM(RH2)
respectively. Table 4.8 gives kI values of the above reactions, which showed fairly
constant rate with varying ionic strength. Again, Figures 4.43, 4.44, 4.45 and 4.46 gives
the plots for rate of oxidation of AsO2
− ion by DOM(SD3), DOM(MC3), DOM(GH3)
and DOM(RH3) respectively. Table 4.9 gives kI values of the above reactions, which
also showed fairly constant rate with varying ionic strength. The independence of the
reaction rates on the change in ionic strength suggests that the intermediates are likely a
union of two reactants ( AsO2
−/Cr2O7
2− and DOM(SD), DOM(MC), DOM(GH),
DOM(RH). The negative change in entropy of activation for the reactions (Table 4.10)
further supports the formation of binuclear complex at the activated complex [317].
Furthermore, since the reactions are between AsO2
−/Cr2O7
2− and DOM whose ionic
charge is unknown and this may, in a simple picture, cause no change in the rate
constant with change in ionic strength of the reaction as it is observed in Tables 4.8 and
4.9 as reported by Kumar, [270] and Hughes-Jones, et al, [271].
The rate constant of an ionic reaction depends upon the ionic strength of the solution.
But, this “primary kinetic salt effect” may be understood qualitatively in terms of
favourable interactions between the reactants and activated complex and the ionic
atmosphere of charged ions which surround them in solution. In this study, the reaction
rate was affected by change in ionic strength for the AsO2
−/Cr2O7
2− oxidation-reduction
reaction as the rate increased with increase in ionic strength, but was not affected by
change in ionic strength when DOM was involved.
4.2.10 Effect of temperature on the reaction rate
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The results of temperature dependence studies for the oxidation-reduction reaction
between AsO2
− and Cr2O7
2− ions, and in the presence of DOM showed that as the
temperature increased, the reaction rates increased, Figures 4.47, 4.50, 4.53, 4.56 and
4.59 gives plots of the reactions; AsO2
− / Cr2O7
2− , AsO2
− / Cr2O7
2−/ DOM(SD),
AsO2
− / Cr2O7
2−/DOM(MC), AsO2
− / Cr2O7
2−/DOM(GH) and AsO2
− / Cr2O7
2−/DOM(RH)
respectively, and Table 4.10 gives values of the above reactions. The values of
activation energy (Ea), enthalpy change, ∆H and entropy change, ∆S were calculated
from Arrhenius and Eyring’s plots, Figures 4.48 and 4.49 for AsO2
− /Cr2O7
2− , 4.51 and
4.52 for AsO2
−/Cr2O7
2−/DOM(SD), 4.59 and 4.60 for AsO2
−/Cr2O7
2−/DOM(MC), 4.57 and
4.58 for AsO2
− /Cr2O7
2−/DOM(GH), 4.60 and 4.61 for AsO2
− /Cr2O7
2−/DOM(RH), and
Table 4.11 gives values of the above process. A high Ea value signifies that the rate
constant depends strongly on temperature [316], and that a slow reaction would have a
high energy of activation [318]. In this study, it is evident the higher Ea value for the
oxidation-reduction reaction between AsO2
− and Cr2O7
2− ions in the absence of DOM [Ea
= 52.01 kJ mol−1 , Table 4.11] with a lower kT value [0.006 s-1 at 288 K, Table 4.10]
than in the presence of DOM [48.22, 46.46, 44.38 and 45.07 kJ mol−1 for SD, MC, GH
and RH respectively, Table 4.11] with higher kT values [0.008 s-1, 0.008 s-1, 0.008 s-1
and 0.008 s-1 at same 288 K with 20 mL each of DOM(SD), DOM(MC), DOM(GH) and
DOM(RH) respectively, Table 4.10]. The negative ∆H values of these reactions are
indicative of the exothermic nature of the oxidation-reduction reactions considered
which conforms to the low temperature requirement of these reactions in nature [18].
The values of enthalpy and entropy of activation together gave us free energy, ∆G for
the reactions considered in the range (-0.4676 kJ mol−1) at 308 K to (-16.4431 kJ mol−1)
at 288 K, (Equation 2.78), the values are indicative of the spontaneity of these AsO2
− and
226
Cr2O7
2− oxidation-reduction reactions. This is in agreement with Dionisio, et al, [266]
and Cantu, et al, [318]. The activation energy, Ea, enthalpies and entropies change for
the oxidation–reduction reaction between AsO2
− and Cr2O7
2− ions and in the presence of
DOM(SD), DOM(MC), DOM(GH) and DOM(RH) are contained in Table 4.11.
Also, the effects of temperature on the reduction of Cr2O7
2− ion by DOM(SD2),
DOM(MC2), DOM(GH2) and DOM(RH2) showed an increase in rate as the
temperature increased, and Table 4.10 gives the pseudo first order rate constants for
these reactions but, there is no observable rate at 288 K in all cases of the DOM samples.
The activation energy, Ea, enthalpies and entropies change for the reduction reactions
are contained in Table 4.11 as obtained from Arrhenius/Eyring’s plots. Figures 4.74,
4.77, 4.80 and 4.83 gives the plots for the effects of temperature on the rate of oxidation
of AsO2
− by DOM(SD3), DOM(MC3), DOM(GH3) and DOM(RH3) respectively. It can
be seen from Table 4.12 that, there is no observable rate at low temperatures 288 - 293
K (atleast within the period of the study), and the rate increased as the temperature
increased. Figures 4.75 and 4.76, 4.78 and 4.79, 4.81 and 4.82, and 4.84 and 4.85 shows
the Arrhenius and Eyring’s plots for the oxidation of AsO2
− ion by DOM(SD3),
DOM(MC3), DOM(GH3) and DOM(RH3) respectively. The calculated values of
activation parameters from these plots (for reduction of Cr2O7
2− and oxidation of AsO2
−
by DOM) gave a higher energy of activation, (Table 4.11), indicating the temperature
dependence of the reduction of Cr2O7
2− ion and the oxidation of AsO2
− ion by DOM. This
is not much supported by the fact that the enthalpy change for the reaction is negative
indicating that the reaction is exothermic and spontaneous. Moreover, the free energy,
∆G for the reactions were found to have values in the range (-8.43532 kJ mol−1) at 308
K to (-71.46408 kJ mol−1 ) at 288 K, (Equation 2.78), the values are indicative of the
spontaneity of the reduction of Cr2O7
2− ion and the oxidation of AsO2
− ion by DOM. This
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is in agreement with Dionisio, et al, [266] and Cantu, et al, [318]. However, the
reduction of Cr2O7
2− ion by DOM is more favoured within the conditions of this study
than the oxidation of AsO2
− ion by DOM, this may be because of the fact that there is
higher Cr2O7
2− ion concentration at the pH of the reaction than the concentration of
AsO2
− ion since the metals speciation is a function of pH and humic materials are present
in solution over the pH of our study as reported by Smedley and Kinniburg, [14],
Brookins, [49] and Martina and Miloslav, [313]. The more acidic the pH the less
H2AsO3
− ions in solution, and the concentration of HCrO4
2− ion (and strongly oxidising)
is more in solution at this pH (6), hence reaction proceeds at faster rate when the
temperature is increased.
Furthermore, the oxidation-reduction reaction between AsO2
− and Cr2O7
2− ions in the
presence of DOM(SD), DOM(MC), DOM(GH) and DOM(RH), and the reduction of
Cr2O7
2− ion by DOM(SD2), DOM(MC2), DOM(GH2) and DOM(RH2) as well as the
oxidation of AsO2
− ion by DOM(SD3), DOM(MC3), DOM(GH3) and DOM(RH3) were
considered at 0 oC (273 K), Figures 4.86, 4.87 and 4.88 for AsO2
−/Cr2O7
2−/DOM ,
Cr2O7
2−/DOM and AsO2
−/DOM respectively. Tables 4.10 and 4.12 give values of the
above reactions, and the results showed an increased reaction rate in almost all cases or
the reactions rates were comparable to the rate of the reactions at say 15 oC (288 K) – 20
oC (293 K) in the case of AsO2
−/Cr2O7
2−/DOM or 30 oC (303 K) – 35 oC (308 K) for the
other reactions, the increased reactions rates at this temperature compared to aqueous
phase (or other temperatures) could likely be due to the freeze concentration effect as
reported by Xiaoling, et al, [12]. The amounts of DOM, protons, AsO2
− and Cr2O7
2− were
concentrated in the ice grain boundary region, which accelerated AsO2
− oxidation and
Cr2O7
2− reduction. Similar effects were observed by many other researchers Kim and
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Choi, [42], Xiaoling, et al, [12] etc. Thus, concentrating either protons or DOM in the
aqueous phase has a similar effect as in the ice phase. Therefore, the accelerated
reduction of Cr2O7
2− in the ice phase could most likely be ascribed to the freeze
concentration of both H+ and DOM. Even though, there was AsO2
− oxidation at this
temperature by DOM in all cases, however, DOM was less effective in AsO2
− oxidation
compared to Cr2O7
2− reduction, indicating that DOM was a better reductant than oxidant.
Considering the effects of temperature on the rate of reaction, the reaction rates
generally increased with increase in temperature in all cases of reactions AsO2
−/Cr2O7
2−,
AsO2
−/Cr2O7
2−/DOM , Cr2O7
2−/DOM and AsO2
−/DOM廈 The reaction rates were however
high when the reactions AsO2
−/Cr2O7
2−/DOM , Cr2O7
2−/DOM and AsO2
−/DOM were
considered at very low temperature (273 K).
On the basis of our findings, the following mechanism is proposed for the oxidation-
reduction reaction between AsO2
− and Cr2O7
2− ions. In the reaction scheme which involve
the oxidation of AsO2
− ion by Cr2O7
2− ion, the reactive species of the metals combine to
form an inorganic acid ester; chromate ester (rate determining step) [311]. The ester
undergoes oxidative decomposition in the next step, leading to the formation of an
intermediate and Cr(IV). The proposed mechanism is further supported by the change in
colour of the Cr2O7
2− ion from yellow {in Cr(VI)} to green {(in Cr(III)}.
4.2.11 Proposed mechanism for the     
−−      
 − reaction
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          HCrO4
-    +    H+                    H2CrO4                                                  (4.6)
K1
K-1
        H2AsO3
-  +  H2CrO4             HAsO3  Cr   OH  +  H2O                          (4.7)
k2
O
slow
O
Chromate ester
      2HAsO3  Cr   OH                 2AsO3
- +  2Cr(IV)                                        (4.8)
k3
O
fast
O
k4
fast    2Cr(IV)  +  H2AsO3
-               AsO3
-   +  2Cr(III)                                         (4.9)
But,
 䜘 ⺁ = −  2  2 䜘ও3
− [ 2  ও4] (4.10)
and
 1 =
[ 2  ও4]
   ও4
− [ +]
Also,
[ 2  ও4] =  1    ও4
− [ +] (4.11)
Substituting equation (4.11) into (4.10) gives
 䜘 ⺁ =  2 1  2 䜘ও3
− [ 2  ও4][ 
+] (4.12)
=    2 䜘ও3
−    ও4
− [ +] (4.13)
Where,   =  2 1
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CHAPTER FIVE
SUMMARY, CONCLUSION AND RECOMMENDATION
5.1 Summary
The research work, simultaneous oxidation of arsenic(III) and reduction of
chromium(VI); a kinetic and mechanistic study was carried out in aqueous phase, at pH
of 6, constant ionic strength and within the temperature range of 288 K – 308 K (as well
as at 273 K), and in the presence of iron(III) ions and dissolved organic matter, DOM
obtained from saw dust, maize cob, ground nut husk and rice husk. Studies were also
carried out separately for the reduction of chromium(VI) and oxidation of arsenic(III)
by DOM. The arsenic(III)/chromium(VI) ions evidently undergo oxidation/reduction, as
there were changes in colours of the metal salt solutions and variation in absorbances in
mixtures of the reactants solutions.
The rates of simultaneous oxidation of arsenic(III) and reduction of chromium(VI) were
determined and found to be first order in both arsenic(III) and chromium(VI) ions. The
rate equation for the reaction has been proposed as
        -d[Cr2O7
2-]  =  k2[Cr2O7
2-][AsO2
-]                          (5.1)
             dt
T
he oxidation-reduction reactions of AsO2
− and Cr2O7
2− showed rapid rates with the
reactions completing almost before the 75 seconds, maximum time for the study and the
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reactions increased with increase in both AsO2
− and Cr2O7
2− ions concentrations, but the
reaction rate was faster with Cr2O7
2− ions than with AsO2
− ions. The rate of oxidation-
reduction reaction between AsO2
− and Cr2O7
2− was not affected by Fe3+ ions within the
concentration range monitored.
The reactions rate considered showed that, DOM has no effect on the rate at low
weight/volume percentages used, but turned to increase as the weight/volume
percentage increased, the kobs values of these reactions in the absence of DOM were
found as 0.016 s-1 and 0.017 s-1 for AsO2
− and Cr2O7
2− redox processes at 0.08 mol L−1 ,
and was found as 0.018 s-1, 0.018 s-1, 0.017 s-1 and 0.018 s-1 at the same 0.08 mol L−1 of
the metal ions but in the presence of 40 mL DOM(SD), DOM(MC), DOM(GH) and
DOM(RH) respectively. However, the increased rate was highest with DOM(SD)
(0.017 s-1 for DOM(SD) against 0.016 s-1 for others at 20 mL and 0.020 s-1 for DOM(SD)
against 0.019 s-1 for the others at 50 mL). Comparatively, the reduction of Cr2O7
2− ion
by DOM was faster than oxidation of AsO2
− by DOM under the conditions considered,
this may be because of higher Cr2O7
2− ions concentration at the pH of the reaction than
the concentration of AsO2
− ion.
Again, the rate was highest at lower pH(2) than at higher pH(8) for the AsO2
−/Cr2O7
2−
couple and in the presence of DOM, it was higher at lower (acidic) pH(2) when
reduction of Cr2O7
2− by DOM was monitored and higher at increased (alkaline) pH(10)
when the oxidation of AsO2
− by DOM was carried out. In most cases, the kobs values
were highest with DOM(SD). Also, the reaction rate was affected by change in ionic
strength for the AsO2
−/Cr2O7
2− oxidation-reduction reaction as the rate increased with
increase in ionic strength, but was not affected by change in ionic strength when DOM
was involved. Considering the effects of temperature on the rate of redox reaction, the
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reaction rates generally increased with increase in temperature (in the range 288 – 308
K) of reactions AsO2
−/Cr2O7
2−, AsO2
−/Cr2O7
2−/DOM, Cr2O7
2−/DOM and AsO2
−/DOM, and
the rates were however fast when the reactions AsO2
−/Cr2O7
2−/DOM, Cr2O7
2−/DOM and
AsO2
−/DOM were considered at very low temperature (273 K), which could likely be
due to the freeze concentration effect [12]. Activation energy, Ea, enthalpy change, ∆H,
and entropy change, ∆S were determined, these gave a higher energy of activation,
especially for reduction of Cr2O7
2− and oxidation of AsO2
− by DOM indicating the
temperature dependence of these reactions. The values of ∆H and ∆S of activation
together gave us free energy, ∆G for the reactions considered, in the range (-0.4676
kJ mol−1 ) at 308 K – (-71.46408 kJ mol−1 ) at 288 K, the values are indicative of the
spontaneity of these AsO2
− and Cr2O7
2− oxidation-reduction reactions. On the basis of
these findings, the reaction mechanism can be said to involve the formation of an
inorganic acid ester; chromate ester, which undergoes oxidative decomposition in the
next step, leading to the formation of products.
Contributions to knowledge;
The study of oxidation-reduction reactions of AsO2
− and Cr2O7
2− ions provide useful
informations in the study of chemistry and in the remediation of heavy metals in the
environment because;
1. The study has demonstrated that simultaneous reduction/oxidation of the toxic
couple Cr(VI)/As(III) to the less toxic form Cr(III)/As(V) is feasible and fast.
2. This will provide a greener approach to the remediation of these metal ions as
less chemicals are used in the process; no separate reductants for Cr(VI) and no
oxidants for As(III).
3. The redox reactions rates were further enhanced in the presence of DOM
obtained from the agro wastes. The use of DOM to reduce/oxidise the metal
ions has also given us an alternative approach (greener approach) to the
prevention of environmental pollution as these agro wastes are found to litter the
environment causing one hazard and another.
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4. The DOM obtained from the agro wastes (that served as reductants/oxidants) are
of little or no monetary value (charge) and are obtained from renewable sources
as wood is sawed frequently, maize, ground nut and rice are cultivated yearly in
Nigeria.
5.2 Conclusion and recommendation
Arsenic(III) and chromium(VI) are the most toxic forms of the various oxidation states
of arsenic and chromium respectively. Research studies have shown that arsenic(III) can
be oxidised to the less toxic and more useful arsenic(V), and chromium(VI) can be
reduced to the less toxic and more useful chromium(III). The simultaneous oxidation of
arsenic(III) and reduction of chromium(VI) in aqueous phase is reported and from this
study, the metal ions evidently changed in their oxidation states (as seen in the colour
change) either as AsO2
−/Cr2O7
2−, AsO2
−/Cr2O7
2−/DOM, Cr2O7
2−/DOM or AsO2
−/DOM廈 The
reactions are first order in both reactants and second order overall. The kobs values are
higher for Cr2O7
2− than for AsO2
− and unaffected by Fe3+ ions. The effects of DOM on
the reaction rates are relatively the same for the agro-wastes-DOM except for the DOM
obtained from saw dust which has higher kobs values in most cases, and the rates of the
reactions at 273 K are relatively high and comparable to the reactions rate at 303 – 308
K. The results of entropy change and ionic strength effect (for the AsO2
−/Cr2O7
2− redox
couple), indicated the involvement of a binuclear complex at the activated complex [57],
and the mechanisms can be said to involve an inorganic ester formation by the reactants
and the subsequent formation of products.
Calculations of the rate constants for these processes are of significant value in terms of
environmental impacts. Because the reactions can be important path for the oxidation-
reduction of As(III)/Cr(VI) compounds in the environment, and the results of this study
are relevant for industrial applications. Though we may not always find Cr(VI) and
As(III) in aqueous matrices, this study has shown that rather than using reductants and
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oxidants to reduce Cr(VI) and oxidise arsenic(III) separately, we can always do that by
adjusting the conditions of the medium or by using the readily available agro wastes to
generate DOM that can be able to reduce/oxidise the metal ions.
From the fore going, we recommend that;
1. In an environment where there is co-existence of As(III) and Cr(VI), a pH of 2 is
the best for their simultaneous redox reaction.
2. Awareness campaign be made in order to channel those agro wastes (especially
ground nut husk which is not easily biodegradable) to the industries that process
heavy metals (particularly Cr and As).
3. The public be informed of the usefulness of these wastes in the remediation of
these metals in the environment.
Further studies should be carried out on;
1. The active components of humic materials (the functional group of DOM) be
elucidated so as to be able to establish or propose a mechanism for the reaction
between DOM and the metal ions.
2. The characterisation of products of reaction (particularly DOM) be carried out in
order to see the changes that occur in the functional groups.
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APPENDIX 1
Stoichiometric calculation of the oxidation-reduction reaction between AsO2
− and
Cr2O7
2− ions from their equivalent point
Number of moles of AsO2
− in 1 dm3 of water = 0.009 mol
But, 10 cm3 of the solution contain x mol of AsO2−
i.e. x = 10 x 0.009/1000
= 9.0 x 10-5 mol of AsO2
−
Also, 1 dm3 of the solution contain 0.009 mol Cr2O7
2−
But, 2 cm3 of the solution contain x mol of Cr2O72−
i.e. x = 2 x 0.009/1000
= 2.7 x 10-5 mol of Cr2O7
2−
Cr2O7
2− : AsO2
−
2.7 x 10-5 mol : 9.0 x 10-5 mol
1 : 3
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Appendix 2
Determination of λmax for the dissolved organic matter, DOM obtained from saw dust,
SD, maize cob, MC, ground nut husk, GH and rice husk, RH
264
Appendix 3
Infra-red spectrum of the dissolved organic matter, DOM obtained from saw dust
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Appendix 4
Infra-red spectrum of the dissolved organic matter, DOM obtained from maize cob
Appendix 5
Infra-red spectrum of the dissolved organic matter, DOM obtained from ground nut
husk
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Appendix 6
Infra-red spectrum of the dissolved organic matter, DOM obtained from rice husk
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Appendix 7
R2 data for the oxidation-reduction reaction between AsO2
− and Cr2O7
2− ions at varying conditions, and in the presence of Fe3+ ions
[AsO2
−]/[ Cr2O7
2−] R2 R2 pH R2 I R2 T R2 Fe3+ R2
(mol L−1) As Cr (mol L−1) (K) (mol L−1)
0.10 0.971 0.965 2 0.991 0.005 0.985 288 0.998 0.009 0.920
0.08 0.976 0.973 4 0.990 0.009 0.991 293 0.997 0.007 0.979
0.06 0.956 0.940 6 0.996 0.013 0.994 298 0.981 0.005 0.977
0.04 0.974 0.983 8 0.998 0.017 0.997 303 0.981 0.003 0.977
0.02 0.985 0.996 10 0.990 0.021 0.983 308 0.932 0.001 0.983
Appendix 8
R2 data for the reactions; AsO2
−/Cr2O7
2−/DOM, Cr2O7
2−/DOM and AsO2
−/DOM at varying volumes
v R2 for AsO2
−/Cr2O7
2−/DOM R2 for Cr2O7
2−/DOM R2 for AsO2
−/DOM
(cm3) SD MC GH RH SD2 MC2 GH2 RH2 SD3 MC3 GH3 RH3
10 0.976 0.951 0.995 0.997 0.943 0.799 0.894 0.891 0.799 0.500 0.750 0.500
20 0.950 0.945 0.953 0.917 0.885 0.687 0.894 0.923 0.694 0.500 0.750 0.750
30 0.970 0.946 0.968 0.999 0.946 0.905 0.889 0.915 0.900 0.894 0.509 0.630
40 0.980 0.929 0.968 0.922 0.968 0.908 0.889 0.814 0.571 0.893 0.939 0.731
50 0.985 0.951 0.976 0.951 0.999 0.979 0.906 0.913 0.978 0.892 0.782 0.891
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Appendix 9
R2 data for the reactions; AsO2
−/Cr2O7
2−/DOM, Cr2O7
2−/DOM and AsO2
−/DOM at varying pH
pH R2 for AsO2
−/Cr2O7
2−/DOM R2 for Cr2O7
2−/DOM R2 for AsO2
−/DOM
SD MC GH RH SD2 MC2 GH2 RH2 SD3 MC3 GH3 RH3
2 0.995 0.985 0.997 0.986 0.923 0.873 0.925 0.980 0.500 0.750 0.568 0.500
4 0.975 0.903 0.996 0.957 0.983 0.980 0.944 0.944 0.500 0.455 0.789 0.750
6 0.987 0.952 0.996 0.922 0.897 0.944 0.940 0.942 0.895 0.890 0.690 0.899
8 0.994 0.863 0.986 0.939 0.885 0.750 0.891 0.814 0.895 0.944 0.574 0.703
10 0.981 0.919 0.981 0.931 0.893 0.750 0.894 0.894 0.895 0.891 0.890 0.903
Appendix 10
R2 data for the reactions; AsO2
−/Cr2O7
2−/DOM, Cr2O7
2−/DOM and AsO2
−/DOM at varying ionic strengths
I R2 for AsO2
−/Cr2O7
2−/DOM R2 for Cr2O7
2−/DOM R2 for AsO2
−/DOM
(mol L−1) SD MC GH RH SD2 MC2 GH2 RH2 SD3 MC3 GH3 RH3
0.005 0.979 0.991 0.971 0.932 0.885 0.888 0.886 0.894 0.890 0.673 0.891 0.894
0.009 0.997 0.991 0.962 0.895 0.885 0.687 0.939 0.944 0.807 0.939 0.725 0.783
0.013 0.994 0.996 0.959 0.920 0.960 0.944 0.873 0.939 0.826 0.944 0.730 0.894
0.017 0.986 0.972 0.964 0.981 0.871 0.942 0.939 0.889 0.725 0.783 0.629 0.690
0.021 0.975 0.914 0.962 0.946 0.936 0.899 0.944 0.914 0.939 0.894 0.785 0.725
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Appendix 11
R2 data for the reactions; AsO2
−/Cr2O7
2−/DOM, Cr2O7
2−/DOM and AsO2
−/DOM at varying temperature
T R2 for AsO2
−/Cr2O7
2−/DOM R2 for Cr2O7
2−/DOM R2 for AsO2
−/DOM
(K) SD MC GH RH SD2 MC2 GH2 RH2 SD3 MC3 GH3 RH3
273 0.997 0.886 0.902 0.876 0.843 0.918 0.891 0.812 0.901 0.980 0.889 0.824
288 0.985 0.965 0.974 0.874 0.943 0.750 0.750 0.750 0.750 0.750 0.750 0.500
293 0.972 0.954 0.985 0.965 0.800 0.894 0.457 0.894 0.750 0.750 0.750 0.750
298 0.966 0.895 0.996 0.986 0.897 0.943 0.825 0.943 0.825 0.894 0.894 0.630
303 0.969 0.965 0.985 0.953 0.938 0.900 0.944 0.914 0.894 0.944 0.826 0.826
308 0.943 0.987 0.925 0.933 0.974 0.981 0.981 0.925 0.836 0.891 0.927 0.813
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